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Abstract

The principal aim of this thesis was to further develop and characterise the ferrihydrite
binding layer with the Diffusive gradients in thin films (DGT) technique for quantitative and
simultaneous uptake of oxyanions, primarily arsenic and selenium. In the course of this study
similar applications for a Metsorb™ binding layer were also investigated. This required
determining analyte specific quantitative parameters for binding layers with the DGT devices in
order to confidently apply the technique in situ in natural waters and marine sediments.
The initial study investigated several knowledge gaps with respect to the diffusive
gradients in thin films (DGT) technique for measurement of oxyanions (As(III), As(V), Se(IV),
Se(VI), PO43−, and V(V)) using the ferrihydrite and Metsorb™ binding layers. The relative
binding affinity for both the ferrihydrite and Metsorb™ were determined for the suite of
oxyanions

(PO43− ≈ As(V) > V(V) ≈ As(III) > Se(IV) ⋙ Se(VI))

and

effective

binding

capacities were measured in single ion solutions, and spiked synthetic freshwater and seawater,
essential knowledge that advise the practical decisions in the use of DGT devices for
environmental monitoring. Under the conditions tested the performance of both ferrihydrite and
Metsorb™ binding layers was directly comparable for As(V), As(III) Se(IV), V(V) and PO 43−
over a deployment spanning ≤2 days for both freshwater and seawater.
The parameters of practical limitations to the use of DGT in the field deployments were
investigated. In freshwaters, longer deployment times can be considered compared to marine
waters as the high pH, the competitive ions present in seawater and the identity of co-adsorbing
ions were deemed to affect the capacity of each binding layer for the analytes of interest under
marine conditions.
The positive results from the initial study in natural waters led on to experiments to
validate the diffusive gradient in thin films (DGT) technique to measure porewater profiles of
As, Se, V and P in marine sediment. Evaluations were successfully carried out. A high-resolution
(1 and 3 mm) study (one and two dimensional profiling) was conducted in an intact sediment
core, spiked at 60 mm depth with As(V) and Se(VI). A lower resolution study was conducted in
sieved (<2 mm) sediments, aged for 8 months, then spiked at 60 mm depth with either As(III)
and Se(IV), or As(V) and Se(VI). DGT-Chelex, which has been validated elsewhere for
iv

measurement of metals, was used to identify the suboxic redox region (based on Fe). DGTferrihydrite and -Metsorb™ both successfully bound As(III) and As(V) (as total As), Se(IV), and
natural concentrations of V(V) and PO43- from marine sediment porewaters.
Further laboratory based experimentation was undertaken to study the effects of
bioturbation induced heterogeneity with marine sediment. As contaminated areas become
remediated and trophic levels re-established, the burrowing and feeding activities of aquatic
organisms will result in sediment disturbance which, in turn, will affect the cycling of
contaminants within the sediment and overlying waters. This study evaluated the suitability of
utilising simultaneous deployments of DGT and Diffusive Equilibrium in Thin Film (DET)
techniques as rapid in situ measures of bioturbation effects on analyte solubility and speciation in
marine sediments. Bioturbation-induced changes to the redox sensitive elements Fe, Mn, As, Se,
P and V were specifically investigated. Sediment flux and pore-water concentrations due to
bioturbating bivalves (Tellina deltoidalis) were compared to that of non-bioturbated control
sediments.
Simultaneously deployed DGT (ferrihydrite and Chelex-100 binding layers) and DET
successfully revealed differences in DGT-labile and total dissolved species (<0.45μm) mobility
within sediments. The physical disruption to the sediments and porewaters caused by burrowing
bivalves induced changes in redox conditions, affecting the partitioning of oxyanions and metals.
These effects varied by analyte and redox (oxic, suboxic and anoxic) region. Using the DGT
technique the mobility and speciation of Fe, Mn, As, V and P were profiled in situ and found to
closely correlate to the reductive dissolution of Fe oxides. However, this was not the case for
DGT profiles for Se which showed discrete sub-surface maxima not directly linked to Fe oxide
dissolution, most likely a result of organic matter degradation. Comparison of the DGT fluxes
with DET porewater measurements demonstrated the extent of bioturbation-induced cycling of
analyte species throughout the deployment, and clearly showed the suitability of the techniques
for sediment quality assessments of disturbed sites.
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Chapter 1

Introduction

1.1 Environmental monitoring of arsenic and selenium
Quantitative monitoring of the chemical contaminants arsenic and selenium is
a challenging and complex task as they are rarely static within the environment and
may be found in a variety of physical and chemical forms with each species generally
exhibiting different chemical reactivity [4-6]. The mobility of arsenic and selenium is
often affected by redox conditions, pH and the presence of co-occurring solutes [7, 8].
They may be present in minute yet still significant quantities, in a combination of
different matrices such as air, aerosols, ground or surface water, soil, sediments, and
also as part of a complex mixture. If environmental monitoring is to return meaningful
and accurate data it needs to encompass the different compartments of the
environment, i.e soil, sediment, water and atmosphere, and establish the quality of the
different compartments and/or map the transport between them.
Historically, methods for environmental monitoring of arsenic and selenium
have centred upon traditional grab sampling approaches, which are comparatively
simple to perform and backed by standardised methodology [9]. Grab sampling
methods in environmental monitoring are acknowledged to have several limitations,
primarily the difficulty to capture pulses of contamination, as well as the
measurement of totals as opposed to biologically available species [10, 11]. Grab
sampling offers a relatively incomplete picture, returning information only on
constituents present at the time of sampling. To obtain temporal trends, a relatively
large number of samples would need to be taken from a location over a given
sampling period, a time-consuming process in terms of collection, preparation and
analysis. In addition to this there are cost and time constraints associated with
collecting sufficient data for an accurate reflection of conditions, especially in
difficult to access areas. Recognition of the limitations of grab sampling has fuelled
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research into innovative passive sampling techniques with the intention of providing a
more comprehensive, accurate and relevant picture of environmental quality. The
most accurate information for a dynamic environmental compartment would be
provided by continual measurement of analyte concentration; however this is
impractical for most analytes.
A method of environmental sampling that is able to provide time-integrated
data would need to be able to make quantitative measurements in a wide range of
environmental conditions. In order to relate data to bioavailability the sampling
method would also need to provide information on speciation. Additionally, the
method of measurement would need to be unaffected by co-occurring solutes or,
preferably, be able to make simultaneous quantitative measurements of several cooccurring solutes. Measuring contaminants in sediments is challenging due to
sediment heterogeneity and there are likely limitations to interpreting results from
conventional methods [12, 13]. Due to this heterogeneity within sediment there is a
need for high resolution in situ techniques that can provide congruent data on a range
of analytes [14]. Measuring total concentrations of contaminants will not provide an
accurate indication of the biological relevance of arsenic and selenium. Passive
sampling devices, such as DGT, that measure labile fractions of inorganic and organic
contaminants may therefore produce more relevant results, more directly related to
biological effects [10, 15-17].

1.2 Project focus on bio-available arsenic and selenium
Arsenic and selenium are the primary elements selected for this project as they
have become increasingly significant in environmental chemistry. Both impact on
human and animal health and can produce toxic biological effects at low
concentrations (μg L-1) in natural waters. Both elements occur naturally in the
environment in various chemical forms and display many similarities in their
chemistry, behaviour and toxicity to plants, animals and humans. In aquatic
environments arsenic and selenium can occur in several redox sensitive oxidation
states, with the specific chemical and biological properties of the environment
determining the relative abundances of their various species.
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Arsenic and selenium pose a threat as major contaminants due to
bioaccumulation and bio-concentration in, for example, the aquatic food chain. The
amounts that exceed beneficial or non-toxic levels can have a deleterious effect on
plants, animals and humans [18-21]. Although the mechanisms by which arsenic and
selenium accumulate and their modes of action in plants and animals are at present
not well understood, their biological availability, mechanism and degree of toxicity
have been found to be species dependent [22-26]. Arsenic and selenium occur in both
inorganic and organic forms and there is an emphasis on speciation as well as
quantifying the chemical forms of both elements within the environment or food
sources. For the purpose of this study the primary species of interest are the inorganic
forms, selenite (Se(IV)), selenate (Se(VI)), arsenite (As(III)) and arsenate (As(V)).
The relative abundance of species will vary depending on redox conditions, the
salinity of a water body, any terrestrial or geothermal input, as well as the microbial
chemistry of both arsenic and selenium.

1.3 Passive sampling
Passive sampling is defined as a sampling technique that relies on the freeflow of an analyte from a sampled medium, along a concentration gradient, to a
receiving phase in a sampling device. Unassisted molecular diffusion of analytes
through an appropriate membrane or layer onto an adsorbent does not require active
media transport thereby avoiding the use of an external energy source for pumping or
purge techniques. In the early 1970s passive sampling technologies were initially
developed with a view to determining quantitative concentrations of anthropogenic
chemical contaminants. Numerous passive sampling techniques have been
investigated as simple, reliable and inexpensive methods, several of which have been
developed commercially [27]. Air monitors are now widely used for scientific studies
and in the workplace, measuring the fate of contaminants in the atmosphere, whilst
the use of passive sampling devices in regulatory applications, such as monitoring the
chemical composition of waters, soils and sediments, is increasing [10, 16].
Data collection methods and the information that can be obtained vary
between different devices. Some devices, such as Nylon-Screen Passive Diffusion
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Samplers (NSPDS), Passive Vapour Diffusion Samplers (PVDs), Polyethylene
Diffusion Bag Samplers (PDBs) or Rigid Porous Polyethylene Samplers (RPPS),
require diffusion of analytes to the sampler to reach and maintain an equilibrium with
the sampling medium; data from these devices is time-weighted toward conditions
experienced during the latter part of the deployment period [10, 28]. PDBs have been
validated as an alternative to traditional sampling methods of volatile organic
compounds (VOCs) in groundwater [29]. Devices that rely on diffusion and
accumulation of analytes by absorption can return time-averaged information for the
whole deployment period and include Semi-Permeable Membrane Devices (SPMDs)
[30], Polar Organic Chemical Integrative Samplers (POCIS) [31], Passive in-situ
Concentration Extraction Sampler (PISCES) [32] and Diffusive Gradient in Thin
Films (DGTs) [10, 33]. This study has focused on the DGT method of passive
sampling and characterisation of the sampling parameters of oxyanions selective
binding layers.

1.3.1 The diffusive gradients in thin films technique: overview
The technique of diffusive gradients in thin-films (DGT) was first published in
Nature in 1994 [33] and has been developed into a reliable in situ method of taking
quantitative measurements of labile trace-metal concentrations in natural waters [15,
34], soils [17, 35] and sediments [36, 37]. The DGT technique offers a compact,
convenient, discreet and inexpensive method of sampling that is able to return timeaveraged data spanning the length of a deployment period [33].
The DGT binding gel selectively adsorbs free and kinetically labile species
from bulk solution thereby providing a direct measurement of potentially bioavailable
species, broadly mimicking uptake by flora and fauna. Several studies have been
conducted to evaluate the inferences that can be drawn from DGT data in terms of
bioavailability [38-46]. In some studies concentration measurements of DGT labile
analytes have been shown to correlate well with bioavailability and DGT is able to
mimic uptake by biota [17].
Current in situ applications for DGT include measuring time-averaged
concentrations for environmental monitoring, speciation between labile inorganic
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and/or organic species of a number of trace metals and phosphate [47, 48] and
monitoring their bioavailability by determining an effective concentration [49]. DGT
is able to measure fluxes of labile analytes in sediments and soils [46, 50, 51] and
sulfide concentration in sediments [52]. Analyte profiles can include two dimensional
concentration images and high spatial resolution (sub mm) [53, 54]. Kinetic and
thermodynamic constants for mediums and trace metals have also been estimated
using a combination of DGT and standard porewater concentration measurements
[55-57]. The ability of the DGT technique to capture fluctuations in concentrations
due to discontinuous discharges, rainfall or seasonal increases in use of chemicals,
highlights a distinct advantage over traditional grab sampling. Ongoing research into
the DGT technique is expanding and refining knowledge on its capabilities in waters,
sediments and soils [17, 37], and investigating uptake under a range of solution
conditions [58, 59]. In addition, there is ongoing research characterising new binding
layers for analyte selectivity (Table 1.1).
The theory of the DGT technique is covered in detail in Chapter 2. The
advantages of DGT include ease of use, robust, in situ applications, low cost, ability
to simultaneously analyse for several elements, and accurate measurements over an
environmentally relevant range of pH, ionic strength and matrix [15]. DGT devices
generally do not intrude upon the local environment. Although they require no
supervision during deployment, the operator should ensure that adequate deployment
conditions are met, for example fluctuating water levels do not expose DGT devices
to air during deployment. The low relative cost of deployment allows for DGT to be
used in conjunction with other forms of environmental monitoring. By running
parallel DGT experiments a more representative picture of contamination can be
created, highlighting areas of intense or varying contamination and comparing DGT
results to the effect on flora and fauna in an area [60]. Obtaining data over long
periods of time opens up the possibility of establishing long-term trends in a specific
geographical area.
Some disadvantages of traditional sampling methods can be countered by use
of the DGT technique, such as reaction of chemical species during sampling and
storage and analytical interferences commonly associated with complex matrices and
high ionic strength solutions, such as seawater [61]. Due to pre-concentration within
the binding layer, the DGT technique has an increased sensitivity allowing for
measurement at ultra-trace concentrations [10], an important step for analytes such as
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arsenic and selenium which are problematic in the environment at parts per billion. In
principle the sensitivity of the DGT and DET techniques, with detection limits in the
order of ng L- 1, would provide meaningful, environmentally relevant results. If
successful, this method would have the advantage of being able to measure several
species of interest simultaneously over relatively long timescales of up to several days
or possibly longer depending on the limitations of biofouling.

Table 1.1 A selection of binding layers validated for use with the DGT technique.
Binding layer

Analyte Selectivity

Publication(s)

Chelex-100

Ni, Cu, Zn, Cd, Fe, Mn,

Zhang & Davison

Al, Co, Pb, La, Ce, Pr, Nd, Sm,

[34]

Eu, Ga, Gd, Tb, Dy, Ho, As, Er,

Garmo et al. [62]

Tm, Tb, Yb, Lu, Ag, Y
Ferrihydrite

PO43-

Zhang et al. [48]

As

Fitz et al. [63]

Se

Sogn et al. [64]

As(V), As(III)

Panther et al. [65]

As(V), Se(VI), V(V), Sb(V)

Luo et al. [66]

As(V), As(III), Se(VI), Se(IV),

Price et al. [67]

3-

V(V), PO4
Silver iodide

S

Teasdale et al.[52]

3-mercaptopropyl functionalized silica

MeHg
As(III), Se(IV)

Clarisse &
Hintelmann, [68]
Bennett et al. [69]

Cs, Sr

Chang et al. [70]

AG50W-X

Ammonium molybdophosphate (AMP) Radionuclides Cs

Murdoch et al. [71]

Metsorb™ (titanium dioxide)

As(V), As(III), Se(IV)

Bennett et al. [72]

PO43-

Panther et al. [73]

U

Turner et al. [59]

Spheron - Thiol

Hg

Docekalova et al. [74]

Poly(4-styrenesulfonate)
liquid binding layer

Cu, Cd

Li et al. [75]

Mixed binding layer:
Chelex/ferrihydrite
Suspended particulate reagent
iminodiacetate

Cd, Cu, Mn, Zn, P

Mason et al. [76]

Co Ni, Cu, Cd, Pb

Warnken et al. [77]

6

1.4 Research Objectives
In order for DGT to be accepted as an accurate and reliable environmental tool
for monitoring arsenic and selenium it needs to be evaluated thoroughly in the areas
of sampling capabilities, uptake rate, analytical recovery and accuracy and precision,
possible reverse diffusion as well as the stability and shelf life of devices in both
storage and deployment. Temperature, pH and oxidation-reduction potential have a
direct influence on the chemical composition of groundwater and porewaters [78]
therefore the effects of these parameters on the ability of the DGT technique to
accurately determine arsenic and selenium concentrations will be assessed during
laboratory development. As the oxyanions V(V) and orthophosphate PO43- are
strongly adsorbed by ferrihydrite and Metsorb™ binding materials, this study will
need to determine the effects of these co-occurring solutes on the uptake of inorganic
arsenic and selenium by DGT. By measuring a suite of selective oxyanions species
this study will be able to determine if competition between analytes adversely affects
the analytical performance of the ferrihydrite and Metsorb™ binding layers. As pH of
a solution affects the number of active binding sites, effective capacity of binding gels
in complex high pH environments, such as marine waters and effective capacity
parameters will need to be determined in complex systems. This will include a study
of the effect of other ions on quantitative uptake in deployments.
The effective capacity of a binding layer may vary according to deployment
conditions, e.g. pH, and the quantity and identity of analytes co-adsorbed. The effect
of competitive adsorption needs to be investigated out over time frames representative
of in situ deployments useful for environmental monitoring.
Once operational capabilities have been defined for natural water the
performance of DGT will then be evaluated for uptake of arsenic and selenium in
marine sediments. The study will investigate the ability of selective DGT binding
layers to make simultaneous quantitative measurements in marine sediments of labile
arsenic, selenium vanadate and orthophosphate.
In order to be considered for potential use in environmental monitoring of
sediments for labile arsenic, selenium vanadate and orthophosphate, uptake by DGT
and DET needs to be validated in complex, active systems. For this DGT and DET
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will be evaluated as an in situ method of measuring bioturbation effects on analyte
solubility and mobility in marine sediments.

The primary objectives of this research were to


qualify and quantify the DGT technique for the simultaneous
determination of DGT labile arsenic and selenium in situ in natural
waters and sediments.



identify the limits of DGT quantitative measurements in natural waters
and marine sediments and in the presence of co-adsorbing oxyanions,
vanadate and orthophosphate.



determine the ability of the DGT method to quantify changes in
analyte solubility, mobility and speciation as a result of bioturbation in
marine systems.



make comparisons of the analytical performance of the ferrihydrite and
Metsorb™ binding layers for the selective oxyanions species in this
study.



assess DGT-ferrihydrite and DGT- Metsorb™ in situ by conducting a
field deployment using DGT water samplers and DGT sediment probes
at Cockle Bay, Lake Macquarie, NSW.
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Chapter 2
Literature review

2.1 Introduction
This chapter provides a review of research literature on arsenic and selenium
in the environment. The topics covered include their sources, toxicity,
biogeochemistry and issues associated with environmental contamination. This is
followed by a review of the DGT technique, DGT theory for use in soils, sediments
and aquatic environments and analyte selective binding layers for use in DGT
apparatus.

2.2 Arsenic environmental contamination: sources, production,
distribution
Arsenic, a metalloid, is the 20th most abundant of the rare elements and is
widely distributed throughout the earth’s crust, most commonly present as
arsenopyrite (FeAsS) as well as other sulfur and metallic containing minerals (Table
2.1) [22]. Arsenic contamination has become a worldwide problem [79]. Areas where
there is inefficient or non-existent treatment for arsenic removal may exceed a safe
threshold for arsenic, resulting in documented adverse effects on both human and
animal populations [18, 80, 81]. Inorganic arsenic of geological origin is found in
groundwater and surface waters, contaminating the drinking water in several parts of
the world such as Bangladesh, India and Taiwan [82-84]. It is estimated that a
substantial proportion of the population in Bangladesh will develop arsenic-related
diseases as most of its water supply is groundwater from tube wells dug into aquifers
that draw water from geologic formations naturally high in arsenic [18]. In 95% of
this water arsenic exceeds the World Health Organisation (WHO) and US
Environment Protection Authority (USEPA) action limits [85, 86]. In recent decades
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increased concern on public and government levels regarding the health effects of
arsenic contamination of water, food and air has resulted in some improvements.
However, the dissipative distribution of arsenic through all compartments in the
environment means that most people are now exposed on a daily basis to a
measurable concentration of arsenic [87-89].
The toxic characteristics of certain arsenic compounds have been exploited for
use as pesticides and herbicides. Decades of use of arsenic based pesticides and
herbicides resulted in contamination of large tracts of agricultural land [90]. The
commercialisation and use of arsenic based insecticides from 1867 through to the
1940’s introduced anthropogenic arsenic contamination into areas of the environment
not naturally high in geogenic arsenic, resulting in widespread contamination due to
both the volume and dissipative method of application of these highly toxic
insecticides [91, 92]. Soils and sediments contaminated with anthropogenic arsenic
are major contributors of arsenic contamination in water and the food chain in areas
that were otherwise relatively free of geogenic arsenic. In addition to arsenic
contamination from industrial processes or mining, use of arsenic in areas such as a
preservative in timber treatment, further contributed to both rural and urban
contamination due to leaching of the arsenic based compounds [93].

2.2.1 Arsenic: health effects – toxicity
Arsenic is toxic at low doses, entering food and water sources as a result of
natural geologic processes and anthropogenic activities [4, 22, 94]. The bioavailability
and hence extent of toxicity of arsenic can vary considerably depending on the form
in which it exists [95, 96] (Table 2.1). The WHO lists toxic species as both forms of
inorganic arsenic, trivalent arsenite and pentavalent arsenate, as well as the organic
monomethyl and dimethyl arsenates, MMA and DMA (WHO, 2001).
Exposure to arsenic is primarily through food, e.g. poultry raised on or plants
grown in contaminated soil [97], and contaminated drinking water [98]. There are also
well-documented cases of exposure through industry [99, 100], contaminated wine
[101], illegally distilled alcohol [102] and contamination of nutritional supplements
[103, 104].
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Table 2.1 An overview of chemical forms of arsenic
Arsenic
form
Inorganic

Organic

Main chemical
form
Arsine
Arsenopyrite
Loellingite
Elemental Arsenic
Arsenite
Arsenate
Dimethylarsinate (DMA)
Monomethylarsinate (MMA(III))
Monomethylarsonate (MMA)
Arsenobetaine
Arsenocholine
Arsenosugars
Thioorganoarsenate
(2-dimethylarsinothioyl acetic acid)
4-Hydroxy-3-nitrobenzenearsonic acid

H3As
FeAsS
FeAs2
As
H2AsO3- , H3AsO4AsO43- , HAsO42- , H2AsO4- , H3AsO4
(CH3)2AsO(OH)
CH3As(OH)2
CH3AsO(OH)2
(CH3)3As+.CH2COO(CH3)3As+.CH2CH2OH
(CH3)2As(O)CH2C4H4O(OH)2OCH2
- CH(OH)CH2OH
(CH3)2AsSCH2COOH
C6AsNH6O6

A selection of organo arsenicals that exist at very low concentrations in the environment.
[PhMe2AsOH]NO3
[Me3AsOH]NO3
EtPrAsO(OH)
MePrAsO(OH)
PhAsO
2,4-Me2C6H3AsO(OH)2
PhCH2AsO(OH)2
HOOCCH(CH3)AsO(OH)2
HOOCCH2AsO(OH)2
ClCH2CH2AsO(OH)2
allyl-AsO(OH)2
PrAsO(OH)(OK)
Data compiled from Cullen and Reimer (1989) [22]

The window for tolerable concentrations of arsenic for plants, animals and
humans is narrow and dependent on the form of arsenic. The lethal dose for humans
varies from 1.5 to 500 mg As2O3 and DMA(V) per kg of body weight, respectively
[105]. Adverse health effects associated with both chronic and acute exposure to
arsenic are wide ranging. Arsenic is carcinogenic, teratogenic and mutagenic [96,
106]. In populations with long-term exposure increased prevalence of cancers of the
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kidney, lung, colon, skin, and bladder have been observed. Other well-documented
symptoms of arsenicosis are skin lesions, gangrene, neurological and respiratory
problems, and cardiovascular disease [80, 107].
The methylated forms of arsenic, such as monomethylated arsonic acid
(MMAA) and dimethylarsenic acid, (DMAA), are considered to be part of a
detoxification mechanism in living organisms [108, 109]. However, Petrick et al.
(2000) showed the degree of toxicity of arsenic in human hepatocytes (Chang liver
cells) to follow the order monomethylarsonous acid (MMA(III)) > Arsenite (As(III))
> Arsenate (As(V)) > monomethylarsonic acid ((MMA(V))) ≈ dimethylarsinic acid
(DMA(V)) [110]. As can be seen from the toxicity listing above, assessments of risks
to health and environment should focus on toxic biologically available forms of
arsenic and not on total element concentrations. Reliable assessment would need to
quantify biologically available forms present in a sample.
Organic arsenic compounds are mainly found in marine organisms [111].
Although certain forms of arsenic are relatively benign in their original organic form
[112], problems arise if organic forms are converted into more toxic inorganic forms,
as with roxarsone under composting (anaerobic) conditions [113]. Contamination
problems that can arise are not only due to concentrations of toxic forms of arsenic
already in the environment but also the conditions to which relatively benign forms
are exposed. Research has focused on the behaviour of the more toxic forms of
arsenic, inorganic arsenite and arsenate, however methylated arsenicals are also
prevalent in the environment and further research is warranted to expand on current
knowledge of their toxicity levels, the interactions of the methyl-arsenic forms and
suitable in situ detection methods.

2.2.2 Cycling of arsenic environmental contamination

Tracking the transport and distribution of arsenic in the environment is
complex due to continuous cycling of different arsenic species through its many
chemical forms in air, soil and water. In aqueous systems the species of arsenic will
depend not only upon the redox potential and pH of a body of water but also the
organic matter present and the make-up of the surrounding geological area [114]. As
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different species behave differently in the environment, the physical and chemical
properties of individual arsenic compounds result in distinct environmental
behaviours [22, 115].
Arsenite and arsenate are highly toxic and carcinogenic and are the
predominant species found in surface and ground water [4, 22, 116, 117] and
sediments [22] with minor amounts of methylated arsenate and arsenite [3, 22, 118,
119]. Although there is a greater variety of arsenic compounds found in marine
systems, arsenate is the predominant form of arsenic species, and As(III), MMA and
DMA combined make up less than 10% of the total arsenic concentration [115].
Concentrations of arsenic in freshwater systems are subject to greater variability than
marine systems, generally ranging from 0.1 up to 80 μg L-1 depending on the
geological composition of the locale, its drainage area, as well as any anthropogenic
sources. In studies at various freshwater sites arsenic species have been shown to vary
depending on parameters such as biological activity, anthropogenic input, temperature
and whether there is saline influx or solely a freshwater site. Distinct seasonal
variations were recorded which would be due to combinations of parameters such as
those above [120]. Marine water concentrations of arsenic are less variable, 1.0 to 1.8
μg As L-1 recorded from deep Pacific and Atlantic sites [22] and 1.1 to 1.6 μg As L-1
from a coastal Australian study [121] but coastal concentrations can increase
depending on geographic location and proximity to anthropogenic discharges.
In aquatic environments As(V) is thermodynamically favoured in oxic
conditions and As(III) in reducing conditions [22, 116, 117]. Some arsenite and
arsenate forms are less stable and are interchangeable, depending on the chemical and
biological conditions such as the oxidation of (CH3AsO)x by the mould
Scopulariopsis brevicaulis to (CH3)2AsO(OH) or conversion to (CH3)3As [122]. In
anaerobic conditions in some soils arsine has been reported to be released from
arsenite [123]. Many studies have been conducted on the methylation of arsenic by
microorganisms commonly found in the environment with, for example, (CH3)3As
formed from As2O3 by such yeasts or fungi as S. brevicaulis [124] and Candida
humicola [125]. Reports of methylation of arsenic by bacteria have appeared at a
comparatively more recent date with several methylarsine producing bacteria
identified [126-128].
In soils and sediments arsenic species can be present as both water soluble and
insoluble species. Water soluble species, those which can be extracted for analysis via
13

most analytical techniques, are dominated by inorganic arsenate and arsenite [22] with
organic methylated arsenicals found in much smaller amounts [105]. These arsenic
compounds are the predominantly found arsenicals in sediments and porewaters.
Some chemical forms of arsenic adhere strongly to clay, metal oxides and organic
matter, which will affect their behaviour in the environment [129], but differ in their
adsorption characteristics. Such differences would affect the distance water would
transport them through soil [130-132] resulting in distinct stratification of species in
soils and variation in porewater mobilisation.
Arsenite and arsenate are frequently observed to coexist in aquatic systems
inconsistent with calculated or measured redox potential [6, 133]. This has been
attributed to both biologically mediated conversions as well as the arsenic species
being inert at neutral pH values toward reactions with chemical oxidants such as
oxygen and reductants such as sulfides [134, 135] whereas reaction of As(III) with
manganese oxides results in oxidation in lake sediments. In comparison, in the solid
phase the speciation of arsenic has been shown to be closely coupled to the redox
status of the sediment [136, 137].
Arsenic occurrence is subject to wide variability over relatively small spatial
intervals in natural waters [3, 138] and sediments [139]. In a study of sedimentary
arsenic from Port Kembla Harbour, Australia, arsenic exhibited a vertical
concentration profile and was found to be strongly bound at the lower depths studied,
8 to 18 cm, compared to the upper 6 to 8 cm. This stratification was possibly due to
reactions which led to more stable, crystalline forms or the sediment was untouched
by diagenetic events [140]. Similar stratification was seen for arsenic in the
uppermost 10-15 cm of surface sediment in the Kalix River estuary, northern Sweden,
and arsenic was shown to be internally cycled [141].
Studies have shown that the As(V)/As(III) redox couple does not conform to
expected behaviour predicted by other indicators of the redox status [137, 142]. In
order to make an accurate prediction of the speciation and fate of arsenic in natural
waters information is required on the individual reactions taking place that contribute
either directly or indirectly to arsenic oxidation and reduction as well as their rates.
Redox conditions have been observed to directly affect the distribution of arsenic
between solid and aqueous phases [143, 144]. A study by Wang and Van Cappellen
(1996) modelled the distribution of porewater and sediment constituents in coastal
marine sediments with results drawing a link with the rates of microbial and abiotic
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redox reactions [145]. Therefore kinetics of the solubility of minerals containing
arsenic or the sorption of arsenic onto a mineral phase are sensitive to environmental
parameters, especially the prevailing redox conditions [119, 136], and also to levels of
microbial activity [146-148]. Steady state concentrations are established by the
kinetics of operative redox reactions in the system rather than the redox equilibrium.
In real systems arsenic cycling is linked directly to processes such as
dissimilatory reduction, mineral dissolution, surface complexation and detoxification
[6, 149, 150]. Solubilisation of arsenic occurs under reducing conditions [143, 151,
152] and under these conditions adsorption of arsenite was shown to be lower than
arsenate. Dissolution of adsorbing phases such as iron oxides also takes place under
reducing conditions and plays an important role in the high solubility of arsenic [151,
152]. In conditions ranging from microaerobic to anoxic, often found in sediments
and aquifers, As(V) is commonly seen to be reduced to As(III) [151, 152]. As As(III)
is more toxic to microbiota and plants than As(V) an increase in concentration and
mobility of As(III) in soils, sediments and natural waters can present a significant
environmental health concern [153, 154].
An absence of dissolved sulfides in soils and natural waters has been shown to
result in significant increases in concentrations of total soluble arsenic, predominantly
present as As(III) [143]. Conversely, when sulfides are present in natural systems
speciation is directly affected and solubility of As(III) decreases. In wetland chambers,
constructed to treat waste water, concentrations of As(III) decreased due to
precipitation of amorphous As2S3 from As(III) and H2S [155]. Abiotic and biotic
processes directly influence arsenic cycling through different oxidation states and
chemical species in soils, sediments and natural waters. In natural environments
arsenic can cycle through organic and inorganic forms. Certain microbes are able to
methylate arsenic to MMAA, DMAA or gaseous arsines whilst other microbes are
able to demethylate the organic forms to inorganic arsenic [142, 156, 157]. Although
environmental factors such as pH, redox potential, co-occurring solutes and organic
matter content can all influence the abundance and forms of arsenic in the
environment, microorganisms also play a key role in determining the speciation and
cycling of arsenic in soils [3, 22, 78, 111, 120]. Therefore, in order to predict arsenic
cycling in natural systems, integration of physical, chemical and biological processes
is required.
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2.3 Selenium environmental contamination: sources, production,
distribution
The majority of selenium exists in the earth’s crust at concentrations of
approximately 0.2 μg g-1 [158], mostly in seleniferous soils and sediments, and within
sulfide mineral deposits [159]. Selenium occurs in four oxidation states selenate (+6),
selenite (+4), selenide (-2) and elemental (0) and also as organic compounds [160]
(Table 1.2). Selenides, Se-2, are chemically similar to sulfides [160] and in the
environment are commonly found as organic compounds, e.g. selenomethionine and
selenocysteine [161, 162]. Hydrogen selenide, H2Se, is a colourless, foul-smelling gas,
one of the most toxic compounds of selenium and is a cumulative poison [160, 163].
Selenium also forms selenides with most metals and can be found covalently bonded
in their compounds e.g. with metals such as copper, lead, or mercury [164, 165].
Naturally elevated selenium concentrations have been found in soils derived
from black shales and volcanic soils whilst in anthropogenic contamination hot spots
such as sediments in San Francisco Bay, California, studies have reported dissolved
selenium concentrations in the range 0.07 to 0.35 μg L-1 and suspended particulate
matter-Se (SPM-Se) concentrations ranging from 0.60 to 1.59 mg kg-1 [166].
Mobilisation of selenium can result from weathering of seleniferous rocks such as
shale [167], leaching of seleniferous soil due to rainfall, volcanic activity and
volatilisation of selenium by plants and bacteria [164, 165].
Air emissions of selenium from anthropogenic sources in the United States
were estimated at 1,700 tons for 2005 [168]. The largest proportion of this discharge
comes from coal fly ash due to coal fired power stations and the burning of fossil
fuels. Other anthropogenic sources that contribute to atmospheric discharge of
selenium include oil combustion, selenium refining factories, base metal smelting,
especially copper, mining and milling operations, and the manufacture process for end
products containing selenium. Anthropogenic release of selenium to water, soils and
sediments is primarily due to the mining of minerals containing selenium, agricultural
run-off, sewage effluent, industrial waste waters and the degradation of selenium
containing photoelectric material deposited in landfill [158, 160, 164]. Mining
processes and irrigation of seleniferous agricultural lands can leach selenium into
runoff resulting in chronic toxic effects for aquatic life [169, 170].
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2.3.1 Selenium: health effects – toxicity, deficiency and nutrition
Early in its history selenium was considered to be a highly toxic element
primarily utilised for industrial purposes. Awareness of its importance was raised in
the latter half of the 20th century. Studies have shown that, unlike arsenic, it is an
essential trace element for humans [171], animals [172] and microorganisms [173].
Selenium has several metabolic roles in mammals. Recent studies have linked a
seleno-enzyme to the synthesis of thyroid hormones [161, 174, 175]. Selenium is
incorporated into the amino acid selenocysteine, which is a crucial factor in the
antioxidising process of selenoproteins [176] and it is a component of the enzyme
glutathione peroxidises, an anti-oxidant that prevents cell degeneration [177]. A study
by Schrauzer (1994) demonstrated that selenium provided therapeutic benefits for
HIV-infected patients [178] whilst other studies have demonstrated its cancer
preventative properties [179, 180].
The healthy intake range in adult humans is narrow, between 40 to 400 μg d-1
[181]. Intake above the recommended range may result in toxic effects. A comparison
of the toxicity of orally ingested selenium salts, Na2SeO3 and Na2SeO4, with salts of
similar chemistry, including vanadium, NaVO3, and arsenic, Na2HAsO3, concluded
that, on an equivalent weight basis, selenium was the most toxic [182]. Symptoms of
selenium toxicity in humans include hair and nail loss, and disruption of digestive and
nervous systems [183]. High selenium intake has also been connected to cancers of
the skin and pancreas [184]. Diseases linked to selenium deficiency include KashinBeck disease (an osteoathropathic condition), Keshan Disease (a type of heart disease)
[185], white muscle disease in animals [186, 187] immune system and reproductive
disorders [181, 183, 188], and cretinism [189].
The primary sources of selenium toxicity in humans are dietary, occupational
and uncontrolled self-medication [181, 187]. Populations, both human and animal,
that rely on localised food sources in areas of seleniferous soils are susceptible to diet
derived selenium toxicity, although this is less prevalent in the majority of the human
population due to access to foods from widely differing geographical sources due to
global food distribution. In the majority of animals trace amounts of selenium are
necessary for cellular function but is toxic in large amounts. In plant species selenium
requirements widely differ and some plants seem to require none [190]. Selenium has
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an atomic structure and chemical properties similar to sulfur [160]. Several
biochemical reactions do not discriminate between them, incorporating selenium
instead of sulfur into proteins [191]. Exposure to selenium can occur from multiple
sources and to selenium in several chemical forms and oxidation states (Table 2.2),
each varying in terms of chemical behaviour, bioavailability and toxicity [192].

Table 2.2: Chemical forms of selenium
Selenium
form
Inorganic

Organic

Main chemical
form
Selenide
Selenate (selenic acid)
Selenite (selenous acid)
Elemental selenium
Dimethylselenide
Dimethyldiselenide
Selenourea
Trimethylselenonium ion
Trimethylselenoxide
Triphenylselenonium ion
Se-MethylSeCysteine
Selenobetaine
Se-Homocysteine
Se-Cysteine
Se-Cystine
Se-Methionine
Se-Ethionine
Se-MethylSeMethionine
Se-Cystamine
Se-Cystathione
Se-Cystathionine
Se-Lanthionine
γ-glutamyl-Se-MethylSeCysteine
Se-adenosyl-homocysteine

Se2SeO42SeO32Se
(CH3)2Se
(CH3)2Se2
(NH2)2CSe
(CH3)3Se+
(CH3)3SeOH
(C6H5)3Se+
CH3SeCH2CH(NH2)COOH
(CH3)2SeCOOCH3SeCH2CH(NH2)COOH
HSeCH2CH(NH2)COOH
Se2(CH2CH(NH2)COOH)2
CH3Se(CH2)2CH(NH2)COOH
(CH3)2Se(CH2)2CH(NH2)COOH
CH3SeCH2CH(NH2)COOH
Se2((CH3)2NH2)2
HOOCCH(NH2)SeCH2CH(NH2)COOH
HOOCCH(NH2)(CH2)2SeCH2CH(NH2)COOH
HOOCCH(NH2)CH2SeCH2CH(NH2)COOH
HOOCCH(NH2)(CH2)2CONHCH(CH2SeCH3)COOH
CH3Se(CH2)2CH(COOH)NH CH2C4H4O(OH) N2C3
-HC2N2HNH2

Data compiled from Lobinski et al. [193] and McSheehy and Mester [194]

This variability makes the process of toxicity assessment difficult to
extrapolate The degree of toxicity of selenium follows the general order
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selenomethionine > selenite (Se(IV)) > selenate (Se(VI)), with some organic forms of
selenium found to be more toxic than inorganic forms. In a study of common
freshwater algae by Knight (1988), selenite was shown to be more toxic to algae than
selenate but organic selenomethionine accumulated in algae at the highest
concentration, with algal growth significantly decreased or halted at lower
concentrations compared to inorganic forms [25]. A similar order of toxicity was
found for the cyanobacterium anabaena flosaquae [195]. Results for the invertebrate
Daphnia, indicated that seleno-DL-methionine was the most toxic followed by
selenite, and then, equally toxic, selenate and seleno-DL-cystine [24, 25].
In aquatic food chains relatively selenium low water concentrations have the
potential to increase by several orders of magnitude through the trophic levels,
becoming a concentrated dietary source of selenium, reaching toxic concentrations for
fish and wildlife [196]. This can result in long-term adverse effects across several
trophic levels due to the persistence of selenium within the environment [170, 197].
Due to the ability to bioaccumulate, research findings have shown the toxicity
threshold for waterborne selenium is ≤ 5 μg L-1 [198]. As the primary source of
selenium for most aquatic species is dietary, consideration of selenium water
concentrations need to be in terms of concentrations that can cause bioaccumulation
in the food chain [199].

2.3.2 Cycling of selenium environmental contamination
Selenium is able to cycle within aquatic habitats. It can remain free in
solution, bind to particulate matter and settle in sediments, or can be absorbed or
ingested by aquatic fauna [4, 165, 200]. By cycling in and out of sediments these
sediments may continue to act as a significant source of selenium contamination for
many years after inputs to an area have ceased [201-203]. The supply of selenium
within sediment can be as a result of direct deposition from overlying waters or from
death and decomposition of plants and animals. Changes in water chemistry, physical
disturbance and biological activity can remobilise selenium, reintroducing it to
porewaters and overlying waters [196]. Sediment bound selenium can therefore act as
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a significant source of contamination, affecting benthic fauna and entering the food
chain [165, 203].
The extent of selenium mobility and toxicity is associated with changes in its
oxidation state. Selenium mobility is favoured at alkaline pH and under oxidizing
conditions [143, 204]. A study by Su and Suarez gave the sorption edge for Se(IV) as
pH 9 to 11 and Se(VI) as pH 5 to 8, however as selenate adsorption is greatly
influenced by ionic strength, this sorption edge for Se(VI) decreases with high ionic
strength [205]. Selenite and selenate adsorption are inhibited by phosphate, silicate,
sulfate and bicarbonate due to competition for sorption sites [204] as the strongly
competitive ions will preferentially adsorb to iron and manganese oxides and
selenium will remain in solution. Of the iron oxides, amorphous ferrihydrite has the
highest capacity for selenate and selenite [205].
Selenate and selenite are commonly found in aerobic waters and their greater
contamination of bioavailability is due to solubility, compared to insoluble forms such
as elemental selenium or metal selenides [161, 206, 207]. Under the geochemical
conditions found in sediments, soluble selenium is rapidly immobilised by reduction
to zero valent selenium [208, 209]. As elemental selenium is stable in soils and
sediments selenium is found at low concentration in porewaters. However, reduction
to elemental selenium does not exclude selenium from bioavailability. Luoma et al.
demonstrated that ingestion of particulate elemental selenium by the deposit feeding
bivalve Macoma balthica resulted in a 22% absorption rate, whilst particulate organoSe was absorbed with 86% efficiency [5].
For selenium, oxidation and reduction is related to both the redox potential of
the medium and the microbial activity [169]. Microbes actively reduce selenium to
immobile elemental selenium or metal selenides, and volatile forms [210]. Uptake of
selenium into plant roots differs according to its speciation. Selenate uptake requires
energy and it will accumulate in the plant’s roots whereas selenite uptake is
independent of energy and its accumulation in the roots does not exceed the source
concentration [211]. Although the most frequently occurring forms of selenium found
in soils are soluble selenate and selenite, Olson and Moxon showed that selenium was
also present in organic form in significant quantities and, in some cases, soil humus
may hold approximately 40% of the available selenium [212].
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2.4 Arsenic, selenium and the iron oxides.
The sorption of arsenic and selenium onto iron(III) oxides is widely reported
[4, 130, 213-215] with sorption behaviour known to be dependent on the oxidation
state of both, as well as pH, redox conditions and the mineralogy of the iron oxides. In
natural systems arsenic and selenium mobility is largely controlled by sorption onto
metal oxide surfaces [204, 216-218]. The adsorption capacity of iron oxides is
strongly dependent on physical and chemical properties such as particle size, crystal
structure, porosity and degree of hydration [130]. Cycling of arsenic and selenium in
sediments is closely linked to the redox chemistry of metal oxides, correlating
availability of arsenic and selenium in sediment to the reductive mobilisation of iron
and manganese oxides.
Iron oxides are a major adsorber of As(V), As(III) and Se(IV) whilst Se(VI)
adsorbs to a lesser degree [3, 204]. In comparison, adsorbance of arsenic and Se(IV)
by manganese oxides was found to be less significant, with Se(VI) not adsorbing at all
[204]. Iron and manganese oxides have long been linked to the presence and
availability of arsenic and selenium in natural waters [4], sediments [219, 220] and
soils [8] but evidence suggests that they play differing roles. Xie et al. confirmed a
strong correlation with the presence of iron oxides and arsenic in the sediments of an
aquifer in the Datong Basin, northern China but no significant correlation existed for
manganese and arsenic [94]. Evidence presented by Oscarson et al. indicated that the
primary role of manganese oxides in freshwater lake sediments was in oxidising
As(III) to the less toxic As(V) with the manganese oxide surface then acting as an
adsorbent to As(V) [134]. Thus available, soluble arsenic was decreased by
immobilising it within the soil or sediment. Bone et al. established the importance of
both the distribution and type of iron and manganese oxides in subterranean estuaries
in regards to their influence on the biogeochemical cycling of arsenic [220].
Studies have shown that As(V) sorption increases with decreasing pH with an
absorption maxima at around pH 4; at pH greater than 10 there is substantially less
As(V) sorbed [221, 222]. Arsenate sorption is markedly affected by pH whilst the
effect on arsenite sorption is less pronounced. Arsenite sorption onto ferrihydrite
(hydrous ferric oxide, HFO) has been shown to have a broad absorption maxima
between pH 4 and 9 and at high pH is adsorbed on ferrihydrite to a similar or greater
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extent than As(V) [131, 221, 223-227]. In the presence of the competing ion
orthophosphate, the pH of comparable adsorption for As(V) and As(III) shifts to
lower pH value [221].
The sensitivity of a metal oxide adsorbent to pH and competing ions depends
upon its zero point charge, ZPC; the higher the ZPC means it is less sensitive to
increasing pH. Aluminium oxyhydroxide has a ZPC of 8.2 and anions are best
adsorbed below pH 8.2 as the surface has a net positive charge and excess protons are
available to fuel the reaction. In comparison the ZPC for amorphous ferrihydrite is 8.6
and therefore has a higher pH operating parameter than AlOOH [228]. Ferric salts are
less sensitive to pH change, maintaining a high affinity for arsenate over a wide pH
range [229]. At alkaline pH’s hydroxide competition is significant therefore arsenate
adsorption onto metal (oxyhydr)oxides is poor.
Complex biogeochemistry controls the partitioning of arsenic and selenium
between aqueous and solid phases. Arsenic and selenium are both redox-sensitive
elements, occurring in oxidised waters as oxy-anions. In soils and sediments they can
be adsorbed in both reduced and oxidised forms with varying affinity for minerals,
clays and metal oxides [3, 130]. Although the reducing conditions found in sediments
favour the sequestration of arsenic and selenium as insoluble minerals [151], changes
in the redox conditions of sediments may result in remobilisation to porewaters and
overlying waters [230]. Moderately reducing conditions have been found to favour the
release of arsenic from sediments to overlying waters [94]. Reducing conditions in
some groundwater can convert Fe(III) and Mn(III)/(IV) oxyhydroxides to the soluble
forms of Fe(II) and Mn(II) which in turn releases co-precipitated content, such as
arsenic and selenium, into the groundwater [148, 231].

2.4.1 Adsorption of arsenic and selenium by iron oxides and the
effects of competing ions
In aqueous systems arsenic is often associated with iron oxide minerals. Its
high affinity for these mineral surfaces has been utilised for arsenic removal in water
purification processes [232, 233]. In terms of adsorption of both arsenic and selenium
on iron oxides, competitive binding effects are known to occur to varying degrees in
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the presence of phosphates, bicarbonates, silicates and sulfates [204, 221, 229, 234236]. In the presence of Ca2+ and Mg2+ cations, arsenate adsorption onto iron
hydroxide was reported to slightly increase, possibly due to neutralisation of negative
surface charges that result from silica adsorption onto iron hydroxide [229, 237].
As(V) exists in an anionic form over the pH range 4 to 7 and this form is
efficiently removed from solution [221]. As(III) exists predominantly as the neutral
species H3AsO3 in water at pH <9.2 [22] and, in comparison to anionic As(V), the
As(III) neutral species is a poor ligand for iron oxides. At pH ≥9.6 there is a greater
concentration of hydroxide in solution and the hydroxide ligand out competes both
As(V) and As(III) for complexation sites on iron oxides, significantly reducing As
adsorption [232, 237, 238].

2.4.2 Sediments: biogeochemical activity and cycling
In productive aquatic systems such as lakes, rivers, estuaries and coastal
waters, where there is an ample supply of organic matter, the sediment water interface
(SWI) is a region of high chemical activity, with steep gradients in physical, chemical
and biological features [239]. With the settling of biogenic, authigenic and mineral
particles at the SWI, relatively high concentrations of analytes accumulate and have a
comparatively long residence time in which to react. The sharp gradients of redox
potential, pH and ionic composition across the SWI are microbially-mediated, e.g.
oxidation of natural organic carbon and reduction of electron acceptors.
Porewater comprises a sizeable proportion of the bulk sediment at the SWI
and in the oxic layer. As porewater is a sensitive indicator of the changes associated
with early diagenesis, co-analysis of sediment porewater solutes at high resolution
would provide information on redox conditions and associated solute mobility. Data
could be used to evaluate the relationship between biogeochemical cycling and solute
availability. An understanding of which features influence mobility through the
various compartments is essential for an overall understanding of arsenic and
selenium mobility in natural systems (Figure 2.1). The concentrations of redox
sensitive metals in sediment cores can be used to determine historical changes in
redox conditions [240, 241]. Increases in metal concentrations in sediments can be
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indicative of variations in redox chemistry as an increase in reducing conditions may
result in enrichment of redox sensitive metals and the sediment redox state and
biogeochemical zones can be identified. Although it is understood that both arsenic
and selenium are internally cycled within sediments, the extent to which this cycling
occurs will vary with depth and composition of sediments [141, 166].

Figure 2.1. Cycling within sediments and aquatic systems.

2.5 Detection and analysis at environmentally relevant concentrations
Iron(III) oxides have been shown to control the early diagenetic behaviour of
arsenic in sediments [141, 242, 243] with similar conclusions being drawn for their
role in the reduction and immobilisation of selenium [166]. Sediments can accumulate
considerable quantities of arsenic [244] and selenium [245], acting as sinks as
dissolved arsenic and selenium migrate deeper into the sediment, where they are often
immobilised as sulfide minerals in reducing zones [246-248]. However, the
remobilisation of arsenic and selenium during early diagenesis processes can
reintroduce significant levels of contamination back into the aquatic environment and
the steep redox gradients within sediments are closely linked to the mobility of redox
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sensitive elements such as Co, As and Se [249]. Whilst selenium is generally
unavailable in sediment porewaters, large fluxes of selenium are known to re-enter
aquatic systems with dire consequences for local fauna [250]. The processes
controlling these fluxes are poorly understood.
Natural organic matter (NOM) is ubiquitous in natural systems and exerts a
large influence on arsenic and selenium mobility. NOM is reactive with both these
analytes as well as metal oxide surfaces [251]. The flux and decomposition of organic
matter has been shown to release high localised concentrations of arsenic and
selenium into the porewaters [248, 252]. The concentrations of arsenic and selenium
on suspended particulate matter (SPM) are controlled by their adsorption onto NOM
and clays, with the level of adsorption increasing with decreasing grain size [94, 166].
The effects of NOM on the mobility of arsenic and selenium is dependent on several
factors including pH, redox speciation, competition for available adsorption sites and
formation of aqueous complexes [253, 254]. NOM can act as binding agent, thereby
decreasing arsenic and selenium mobility, in addition to facilitating an increase in
their release from soils and sediments into porewaters. Adsorbed arsenic and selenium
may also be released into porewater and groundwater by the microbial reductive
dissolution of iron oxyhydroxides [153].
Accurate measurements of porewater profiles at high resolution are
fundamental to understanding trace metal geochemical cycling, their effect on benthic
organisms and identifying redox boundaries. Sub-mm resolution is often required to
effectively determine the sharp chemical gradients at the sediment-water interface
[255]. As the diagenetic cycling that takes place in the upper reaches of the sediment
occurs within distinct areas, high resolution porewater sampling of redox sensitive
elements would assist in elucidating their geochemical cycling and inform on
important processes occurring within surface sediments. The redox boundaries in
sediments are well-defined and sensitive to disruption such as the introduction of oxic
waters. In addition to localised disruption by benthic fauna, the heterogeneity of
sediments is further compounded by the presence of microniches. A microniche
within the sediment or soil is a localised site of reactive organic matter, such as
decaying organisms [256] and vegetation [257]. Burrowing activity by biota may have
a large influence on sediment chemistry, as this activity is important in introducing
niches and oxic waters to a range of depths in the surface sediment. One of the key
requirements for an adequate porewater sampling method for trace metals would be
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one that minimises oxidation and disturbance of the sediment and its stratification
during the sampling process.
Knowledge of the distribution and behaviour of arsenic and selenium in the
environment has increased since the late 1970’s with the advent of improved
analytical methods such as Inductively Coupled Plasma-Mass Spectrometry (ICP-MS),
Inductively Coupled Plasma-Atomic Emission Spectroscopy (ICP-AES), Hydride
Generation or Graphite Furnace-Atomic Absorption Spectroscopy (HG- or GF-AAS).
Both elements can now be routinely detected at the low, environmentally relevant
concentrations, down to sub µg L-1, depending on a combination of the sampling
technique and sample preparation. This has led to systematic monitoring programmes
and geochemical mapping of arsenic and selenium [3, 4, 22]. With better detection
limits for trace concentrations of arsenic and selenium coupled with increasing
concerns regarding adverse health effects of continued exposure to low concentrations
in drinking water, the US-EPA set a maximum contamination concentration of 10 µg
L-1 for arsenic and 50 µg L-1 for selenium [85, 86].
Several techniques are available for the measurement of extracted porewaters
from sediments but for the analysis of saline waters the complex matrix may result in
extensive interferences, especially from Na+ ions. Most analyses involve a matrix
separation step, e.g. HPLC-ICP-MS, and, where the analytical method requires, a
preconcentration step to bring the concentration to within detection limits, especially
for trace metals present at sub μg L-1 concentrations. Due to the low concentrations
being dealt with samples require preparation in a clean room with the use of high
purity reagents.

2.6 Measurement of arsenic and selenium using the DGT technique
There have been several recent investigations into the use of DGT for the in
situ determination of arsenic and selenium in waters, soils and sediments. The DGT
method, which has already been used for cationic metals using a Chelex-100 binding
layer [34], has been adapted for use with a ferrihydrite binding layer for measuring
orthophosphate [48], inorganic arsenic [65], and Se(VI), V(V) and W(VI) [66, 258].
A titanium dioxide binding layer (Metsorb™, [259]) has shown a similar selectivity to
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ferrihydrite and has been studied for uptake of PO43- [73] total inorganic arsenic and
Se(IV) [72], and V(V), Sb(V), Mo(VI) and W(VI) [260]. Investigation into species
selective binding layers has also been conducted with Mercaptopropanol for As(III)
[69] and Chelex-100 for As(III) in marine waters [50].
The literature for DGT-ferrihydrite binding gels initially focused on singleelement analyses [48, 65], however, more recent studies have compared binding
layers for one or two analytes [58, 59, 261]. This study aims to extend current
knowledge and evaluate the ability of the DGT technique with ferrihydrite and
Metsorb™ binding layers to quantitatively measure several oxyanion species
simultaneously over deployments of 1 to 3 days in fresh and marine waters. The
possibility of competition between analytes that adversely affects analytical
performance, and the effective capacity of binding gels in complex environments
needs to be investigated.

2.7 Diffusive Gradients in Thin Films theory: in natural waters
The theory of the DGT technique is founded on the known diffusional
characteristics of the hydrogel, which separates the bulk solution from a layer of
binding agent that acts as an infinite sink [33]. The DGT ‘piston’ water sampler is
comprised of a plastic base onto which a resin gel, diffusive gel and filter are placed.
A plastic sleeve fits securely over the assembly, exposing a sampling window of 2.0
cm diameter (Figure 2.2). Solutes diffuse through the hydrogel and within a few
minutes of exposure a steady state concentration gradient is established within the
diffusive layer (Figure 2.3). As the diffusive transport of ions is controlled by the
hydrogel layer, the laws of diffusion govern the transport of labile species to the
binding layer. Accuracy of measurement relies upon knowledge of the diffusion
coefficients of measured species and their labile complexes within the specific gels
and solutions [33, 34].
The resin-gel selectively binds and accumulates labile species of interest, and
selectivity can be varied with the type of binding gel used. The filter membrane,
typically cellulose nitrate or polysulfone, pore size 0.45 μm, protects the hydrogel
from particulate matter and surface damage. The standard diffusive gel is an ion27

permeable polyacrylamide gel comprised of approximately >95% water content. It
consists of acrylamide and 10% agarose derived cross-linkers (supplied by DGT
Research Pty Ltd) and has an open polymer matrix of functional pore size > 2 nm
which allows transport of metals through the gel by molecular diffusion [262]. The
cross linkages constrain the porosity of the gel and diffusion coefficients through the
hydrogels are lower than in water.

Figure 2.2. Schematic diagram of DGT piston assembly.

Figure 2.3. Schematic cross-section of DGT device in contact with solution.
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The DGT technique has its theoretical basis in derivations of Fick’s First Law
of diffusion [33]. This expression relates mass uptake by a sampling device to the
length of exposure, concentration gradient and area exposed [33]. DGT directly
measures flux, F, the rate of supply of labile ions that diffuse from bulk solution to a
binding layer in a given time, equation 1:

F

DC

(1)

g

where C is the concentration of the labile analyte in bulk solution, Δg is the diffusion
distance and D, the analyte diffusion coefficient [34, 263]. Using the definition of
Flux as:

F

M
tA

(2)

where M is the mass of diffused ions accumulated in the resin layer, t, the deployment
period and A, area of diffusive throughput (Equation 2). The concentration of labile
ions in solution, Cb,can be calculated by combining and rearranging these equations
(Equation 3) [34].

Cb  CDGT 

Mg
DgeltA

(3)

The diffusion coefficient in the combined filter membrane and diffusive layer,
Dgel, is determined independently. This allows for measurement of the time-averaged
concentration of labile species in bulk solution, CDGT. The mass of accumulated metal,
M, can be determined by elution from the binding layer followed by analysis of
analyte concentration in the eluant, Ce, using an appropriate analytical method such as
inductively coupled plasma mass spectrometry (ICP-MS), atomic absorption
spectroscopy (AAS) or spectrophotometry [48, 264]. The mass of analyte, M, is
calculated using equation 4 [33] where Ve is the volume of the eluant solution, Vg the
volume of binding gel and Ef the analyte elution efficiency for the elution method
used.
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M
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For the Chelex resin layer, not all the metal analytes are removed from the
resin and an elution factor of 0.8 is typical for most metals except Fe (Ef 0.7) [34].
The diffusion coefficient, D, of the ion of interest can be determined using a diffusion
cell. The mass of analyte that diffuses through the filter membrane and diffusive gel is
plotted against time and the diffusion coefficient is calculated using equation 5 [262]:

D

slope g
Ci A

(5)

where A is the sampling area exposed to bulk solution, ∆g is the combined thickness
of filter membrane and diffusive gel and Ci is the initial concentration of analyte in
the diffusion cell source compartment. The well-defined DGT diffusive gel layer
distinguishes it from other resin-based techniques allowing diffusion through it to the
resin-gel sink. As mass transport through the gel is diffusion controlled it is possible
to obtain quantitative data on both concentration and speciation over time periods
ranging upwards from one hour [34] with trace solutes selectively bound to and
accumulating in the resin binding layer progressively over time [15, 34, 265].
Selective binding of labile species may be related directly to the bioavailable fraction
available for uptake by plants [17, 38] with the potential in future research to relate
this data to uptake by organisms [44].

2.7.1 Speciation using the DGT technique

Trace metal bioavailability is directly related to chemical speciation and this
will depend on solution pH, redox conditions and the presence of ligands such as
dissolved organic carbon. Speciation using the DGT technique is based on selective
adsorption of labile or free metals, M, in solution. However, in solutions where metal
ligand, ML, complexes are also present, metal ions which are weakly complexed with
relatively rapid dissociation kinetics and to some extent complexed ligands of
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intermediate strength will also contribute to the total measured mass if they dissociate
as they travel through the diffusive layer. Metal ligand complexes can only be
measured by DGT if they dissociate during the time of deployment. The total quantity
of metal adsorbed by the binding layer is therefore a function of both the dissociation
kinetics of the metal ligand complex and the thickness of the diffusive gel [266]. If
metal ligand complexes are inert then the DGT device will measure only the free
metal ions, (Eq. 3). However, if metal ligand complexes are fully labile then the DGT
measurement is determined by diffusion of both the free metal ion and metal ligand
complexes, equation 6.

M

C ML DML  C M DM At
g

(6)

where CM is the concentration of free metal ion in solution, DM is the diffusion
coefficient of the free metal ion and CML is the concentration of metal ligand.
Dissociation of metal ligand complexes within the diffusive layer reduces the
concentration of these species which will sustain molecular diffusion along a steadystate linear diffusion gradient. The free metal ions, both those that were already in
solution and those dissociated from metal ligand complexes, are rapidly adsorbed by
the resin binding layer and not available to recomplex with ligands.
For intermediate cases of partially labile metal ligand complexes, the
dissociation kinetics of the metal ligand complex governs the DGT measurement of
adsorbed mass and the kinetic limitations of the complex have to be considered when
calculating the contribution from the metal ligand complex, equation 7 [266].

M = (CMLDML (1-exp [ -k-1 (Δg)2 / 2DML ] ) + CMDM ) At
Δg

_------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------------__________________________________

(7)

Solutions containing complexes with a range of stability constants were
measured by Zhang and Davison (2000) using anodic stripping voltammetry (ASV),
and DGT devices. The DGT measured labile fraction was found to be similar to that
measured by ASV. Scally et al. [266] examined the lability of metal complexes and
demonstrated that by varying the thickness of the diffusive layer the extent of metal
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dissociation can be controlled. They also confirmed that only the free metal ion and
not the metal ligand complex is sequestered by the DGT binding resin.
The standard diffusive gel has an open matrix that allows for relatively free
diffusion of free metal ions and the diffusive transport of metal-humic complexes with
minimal constraint. Typical diffusion coefficient values for free metal ions are
between 60-80% the value in water [262, 267]. The synthesis of a polyacrylamide
hydrogel using bis-acrylamide increases the cross-linkages, creating what is termed a
restricted diffusive gel of markedly smaller pore size that impedes the diffusion of
larger organic complexes but still allows relatively free diffusion of free metal ions
[268]. The rate of diffusion of ions through the gel is dependent on the gel
composition, its pore size and structure; therefore in order to make accurate
measurements of the labile species, the diffusion coefficients of the different species,
inorganic and organic, through the specific gel type are required.

2.7.2 Quantifying the Diffusive Boundary Layer Thickness
When a DGT device is deployed in solution, the region where the solution
comes into contact with the sampling area surface is known as the diffusive boundary
layer (DBL). The flow velocity in this region is zero and the transport of ions and
complexes is solely by molecular diffusion. The DBL thickness, δ, varies inversely
with the solution flow rate and extends from the DGT device sampling surface out
into the bulk solution. Warnken et al. [269] determined that the effect of neglecting
the DBL in DGT calculations was offset by using the device sampling window area
This was due to the increase in the effective sampling area of a DGT device due to
lateral diffusion within the diffusive gel layer. Therefore, when DGT measurements
were made in well-stirred solutions using a 0.80 mm diffusive gel, the thickness of the
DBL, δ, can become negligibly small compared to distance of diffusion through the
gel, ∆g, and can be omitted from calculations. However, in order to make accurate
measurements in situations where the DBL is large, e.g. slow moving waters, or when
thin diffusive gels are used and relative to ∆g the DBL is no longer negligible, the
DBL must be accounted for using equation 8 [269].
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The diffusion coefficients in the diffusive gel and filter membrane are denoted
by Dgel and Dfm. These values have been found to be statistically the same [267] for
metal ions therefore these terms can be combined along with those of the thickness of
the diffusive gel and filter membrane, Δgel and Δfm respectively. As the diffusion
coefficients in the hydrogel is lower than that in water, for the thickness of the DBL
layer, δ, the diffusion coefficients for analytes in water, Dw, are used. Rearrangement
of the above equation and combining the gel and filter membrane terms gives
equation 9.

1
1  g
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(9)

By simultaneously deploying DGT devices with different thickness diffusive gels, a
plot of 1/M versus Δg will give a straight line with a slope of 1/(CDGTDgelAt) and a yintercept of δ/CDGTDwAt. Therefore, the expansion in DBL thickness can be calculated
using equation 10, and the DGT derived concentration of labile species, CDGT,
calculated using equation 11.



y _ int ercept  Dw 
D 
slope
 gel 

(10)

1
slope * D gel At
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An additional consideration in terms of the DBL is biofouling, the gradual
accumulation of organisms such as algae and bacteria on the sampling surface of the
DGT device. In productive natural waters DGT deployments are susceptible to an
appreciable build-up of biofilm across the surface of the filter membrane, which
would increase across the duration of the deployment. If the biofilm becomes thick
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enough to appreciably increase the diffusion layer thickness this will limiting ion
transport to molecular diffusion in this region. The accuracy of DGT measurement
can therefore be increased by simultaneous deployment of DGT devices with several
diffusive layer thicknesses [270]. However, if the biofilm also provides sorption sites
for ions in solution this would result in an underestimation of CDGT. Although the
effective adsorption capacity of binding layers would theoretically allow for
quantitative deployments of several weeks, the issue of biofouling in productive
waters may restrict DGT deployment to several days [271, 272].

2.7.3 Diffusive Equilibrium in Thin Films (DET) Theory for use in
soils and sediments
The diffusive equilibrium in thin films technique (DET), first published in
Nature in 1991 [273], is an equilibrium passive sampling technique and the
predecessor of the DGT technique. DET was developed as a method of profiling
dissolved iron in sediment porewaters at sub-millimetre resolution and progressed to
anions, Cl-, NO3-, and SO42- [263]. As with DGT, the apparatus consists of a flat probe
with an open sampling window. In initial studies the DET probe contained a
continuous strip of polyacrylamide hydrogel covered by a filter membrane. In order to
eliminate the introduction of nitrates into the system, the filter membrane for work in
sediments is typically polysulfone of 0.45 µm pore size. Once inserted into the
sediment the gel layer is allowed to establish diffusive equilibrium with dissolved
species, <0.45 µm, in the adjacent porewaters [15]. The time required for full
equilibration of the gel with sediment porewaters will vary depending on the thickness
of the gel used, the porosity of the sediment and the diffusion coefficient of the
solutes in the sediments and hydrogel. However full equilibration should be complete
within 24-48 h [274, 275]. The membrane pore size provides a physical limiting
parameter, preventing large organic-metal complexes and colloids, diffusing into the
gel phase [276].
Once solutes equilibrate with the water of the hydrogels the probes can be
removed for analysis [262, 277]. Diffusion of solutes along concentration gradients
can also continue to occur within the gel after the device is retrieved from sediment
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deployment, which over time would completely remove all spatial variations [277].
To overcome this issue when using continuous strips of hydrogel, Fe and Mn can be
fixed in the solid phase by immediately inserting the strip into a NaOH solution [277]
or the gel can be rapidly sliced immediately after retrieval [263]. Initial studies in both
marine and lacustrine sediments were successful in measuring depth profiles of metals
[278, 279] and revealed steep concentration gradients through the depth of sediment
measured and also a sub-surface maxima consistent with reductive dissolution of
material freshly deposited from overlying waters.
To prevent re-equilibration constrained DET probes were developed, which
are comprised of a series of individual compartments each containing discrete
volumes of gel [278]. This method did not require immediate fixing to prevent lateral
diffusion upon removal from deployment. The standard constrained DET probe
available from DGT Research Ltd has a series of individual wells, of size 1 mm x
1 mm x 18 mm, set into the base plate, separated by a 1 mm spacer, affording a 2 mm
vertical spatial resolution. A filter membrane is placed on top to protect the fragile gel
and prevent particulate contamination and is held in place by a front sampling plate
with an open face window size 18 x 150 mm. The wells are filled with an agarose gel
which, unlike the diffusive polyacrylamide gel, sets in the wells to the required
dimensions. Subsequent studies returned data for a suite of trace elements and anions
comparable to data obtained by conventional methods [280]. Higher resolution
profiles have been obtained using a micro-DET probe with 0.2 mm vertical width
compartments combined with proton induced X-ray emission (PIXE) analysis [281].
After deployment, gels in the constrained DET probe are removed individually
from the probe wells and equilibrated in an appropriate medium for approximately
24 h followed by analysis using an appropriate technique. DET is analogous to the
method of dialysis arrays (peepers), a passive sampling technique which allows
equilibration of water-filled peeper cells with the adjacent porewaters [282-285]. DET
requires less time to equilibrate with porewater solutes than dialysis peepers and also
afford superior spatial resolution, >2 mm compared to >1cm.
As DET is an equilibrium technique there is no preconcentration step in the
gel and it is limited in its analytical applications due to the relatively small volume of
porewater that is sampled, ≈0.02 mL and the requirement for subsequent sample
dilution prior to analysis. Thus elements that exist at low trace concentrations are
below the limit of detection for this method. Studies have been successfully
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conducted for a number of major cations, and anions including metals with high
concentrations, such as of Fe and Mn, nitrate, sulfate, chloride, and has been shown to
compare well with conventional pore-water extractions [263, 273, 280, 286]. At
highly polluted sites trace metals such as of Cd, Cr, Cu, Pb and Zn were found in high
enough concentrations to be measured along with Fe and Mn [287].

2.7.4 DGT Theory: for use in soils and sediments
As with overlying waters, bioavailability in porewaters is linked to the free
metal ion activity. The availability of metals in porewaters is a complex process,
directly associated with diagenetic cycling within the sediments. Porewater
concentrations at chemical equilibrium between the solid phase and adjacent
porewaters, are controlled by porewater and sediment chemistry such as redox
conditions, pH, mineralisation and complexation of metals by soluble inorganic and
organic ligands. The sediment chemistry of discrete areas may also be drastically
altered due to the presence of benthic organisms. Creation of burrows can create oxic
environments within anoxic regions of the sediments, often resulting in remobilisation
of metals that had been buried there.
The DGT sediment probe (Figure 2.4), follows the same basic format as the
DGT water samplers. Firstly, a layer of filter membrane (not shown) is placed onto
the perspex backing plate in order to prevent slippage of the binding gel that is placed
on top of it. This is then followed by the diffusive gel and filter membrane. The front
plate is placed on top and fastened in place by plastic pins.
The DGT measurement of the concentration of ions in porewaters follows that
of natural waters above. When a DGT probe is inserted into soil or sediment it comes
into direct contact with porewaters. The probe perturbs the porewater system by the
introduction of a localized sink and solutes in the porewaters adjacent to the probe
diffuse through the gel to the binding layer establishing a steady state linear
concentration in the diffusive layer. Using equation 2, the sediment flux can be
measured directly by DGT as the binding layer accumulates a mass of ions (M) over a
known period of time (t) through a well-defined sampling area (A).
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Binding gels can be sliced to give vertical 1-D resolution down to 1 mm or 2D down to 3 x 3 mm. For higher spatial resolution measurements, the metal in the
resin gel can be analysed directly by laser ablation-inductively coupled plasma-mass
spectrometry (LA-ICP-MS), proton induced X-ray emission (PIXE) [273] or X-ray
fluorescence (XRF). The concentration gradients established at the sediment–water
interface and within sediments along which diffusion occurs are usually very sharp.
The variations that occur at small intervals make it necessary to study the small-scale
structure of dissolved species in order to more fully understand their cycling within
natural aquatic systems. DGT has the ability to accurately sample at small intervals,
<1 mm, without perturbing the structure to be measured.

Figure 2.4. Schematic diagram of DGT sediment and soil probe assembly (taken from
DGT Research Pty Ltd. Lancaster, UK [1])

DGT provides data on labile porewater concentrations as well as the flux of
labile species from the solid phase. By quantifying the bioavailable species in field
conditions, this information has the potential to provide a more comprehensive
assessment of sediment quality in terms of risk to benthic organisms and higher
trophic levels. DGT has the potential to be developed as a toxicological assessment
tool, as the ability of DGT to provide data on in situ speciation could be used as an
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indicator of toxicity to benthic organisms [44]. The DGT technique has been
investigated for use in assessing the availability of both toxic and essential nutrient
metals in soils and sediments [268, 288]. Porewater speciation, mobility and kinetics
of supply between solution and solid phase all need to be considered when validating
a method as well as the interpretation of results for soils and sediments.
Prior to deployment in anoxic sediments, DET and DGT probes must be
deoxygenated to prevent the disruption of sediment redox chemistry in the suboxic
and anoxic strata which would result in oxidation of Fe(II) and Mn(II). This would
lead to an overestimation of both Fe and Mn porewater concentrations as well as that
of co-precipitated metals [273].

2.7.5 Interpretation of soil and sediment DGT data
Unlike well mixed natural waters where flowing waters ensure resupply at the
DGT device sampling surface, in soils and sediments a zone of significant solute
depletion may develop in porewaters immediately adjacent to the probe as solutes
diffuse through to and are adsorbed at the binding layer. Steady state conditions do
not hold and the extent of localised depletion at the interfacial region will depend on
the rate of resupply from the solid phase and diffusional supply from adjacent waters
[35, 36]. The area of depletion in the interfacial region increases over time if there is
no solute resupply, other than unsustained diffusional supply, thereby reducing the
flux to the binding layer. The rate of resupply is controlled by sorption/desorption
processes within the sediment [56].
Solute concentrations in porewaters adjacent to the DGT probe may remain
constant during deployment due to a fast rate of remobilisation in addition to a large
reserve of ions held within the solid phase. In cases where porewater concentrations
adjacent to the DGT device are fully sustained throughout deployment, depicted
schematically in Figure 2.5.(a), the same theory that applies to bulk solution can be
adapted to calculate the solute concentration of the porewaters in the interfacial region
of the DGT probe using equation 12 (a variation on Eq. 3). Where a pseudo steadystate concentration gradient is assumed to be established, CDGT can be interpreted as
the interfacial porewater concentration, Cint.pw.
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When there is no resupply from the solid phase, resupply is limited to
molecular diffusion from adjacent porewaters, Figure 2.5.(c), and there is a significant
zone of depletion adjacent to the probe which increases over time. In the intermediate
case, Figure 2.5.(b), there is only partial resupply of the solute from the solid phase,
but not sufficient to fully sustain porewater concentrations at initial values [35]. For
many deployment situations it has been shown that the DGT measurements, C DGT,
provide a close estimation of Cint.pw [35, 36]. If steady state conditions do not hold
throughout a deployment the concentration derived by DGT, CDGT, is a time-averaged
value of Cint.pw. In the absence of solute resupply Harper et al. [56] found the greatest
variance between Cint.pw and CDGT occurred after 24 h. For the purposes of this project,
CDGT, represents a time-averaged interfacial concentration. Therefore in sustained, (a),
and partially sustained, (b), cases, the localised depletion of porewater solutes is seen
to induce remobilisation from the solid phase.
As a consequence of differing cases in regards to sustaining interfacial
porewater concentrations, the principles of using DGT in soils and sediments vary
from those in solution. If porewaters are measured independently, Cbulk porewaters, then
CDGT can be interpreted as a ratio of this value, equation 13:

R

C DGT

(13)

C bulk_porewaters

where R is greater than 0 and less than 1. The value of R depends on a combination of
factors such as diffusion coefficients, sampler design, kinetics of resupply and the
reservoir of analytes held in the solid phase [56]. Analyte chemistry in sediments can
be interpreted in terms of this R value. Where there is no resupply of solutes from the
solid phase to porewaters, Figure 2.5(c), R is referred to as Rdiff as resupply is only by
the diffusion of solutes from the adjacent porewaters and Rdiff

<<< 1. For

intermediate cases where there is partial resupply, Figure 2.5(b), the value of R lies
between that of sustained and unsustained cases, Rdiff < R < 1. For cases where
resupply maintains porewaters concentrations, Figure 2.5(a), R > 0.95 [56, 288].

39

Figure 2.5. Schematic cross-section of a DGT device in contact with soil or
sediment. The pseudo steady-state concentration gradients of labile species in the
porewaters at the interfacial region of the probe are represented as (a) sustained case,
(b) partially sustained case and (c) unsustained case (modified from Harper et al. [2]).

Using standardised methodologies and sampler design the R value can be
interpreted as an expression of the capacity of the solid phase to resupply solutes to
the porewater and also the kinetics of transfer from solid phase. If simplified
assumptions are made concerning the interactions of solutes in the porewater with
those sorbed to the solid phase then it is possible to model the response of the
sediment to deployment of a DGT probe [2, 289]. By deploying several DGT probes
containing different diffusive layer thicknesses it is possible to estimate Cint.pw [270]
and it may also be possible to measure induced resupply [35, 36].

2.7.6 Relating bioavailability to DGT data
In recognising that the total metals content of soil includes large fractions
which are not available for uptake by plants, microorganisms or soil fauna, risk
assessments of contaminated soils need to focus on bioavailability. A method that
quantifies labile species may provide a more realistic assessment of the potential
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hazard of a soil and sediment contamination. Currently, most ecotoxicological studies
relate the measurement of total soil or sediment concentrations or operationally
defined extractable fractions to toxic effects. There is some evidence that
measurements of labile ions in soils and sediments solution provide a better indication
of metal availability [46, 290]. Traditional soil or sediment porewater extraction
procedures only measure analytes present in porewaters at the discrete time of
sampling and do not account for the ability of the solid phase to resupply analytes
subsequent to depletion by uptake. As DGT probes may be used to conduct in situ
estimations of the labile fraction concentration in porewaters and measure the flux
from solid phase to porewaters it has the potential to provide a better indication of
risks posed to microorganisms, benthic organisms and plants [17, 39, 45, 46, 291].
A deployed DGT device mimics the uptake of nutrients and metals by plant
roots by lowering soil solution concentrations in the immediate vicinity of the device
with depletion occurring if uptake is more rapid than resupply. If resupply induced
from the solid phase is kinetically rapid then these solutes are then available for
uptake. The measured flux from porewaters to the DGT device constitutes both the
concentration of the porewaters at the interfacial region of the DGT probe and
resupply from the solid phase. This is quantitatively related to the term ‘effective
concentration’, CE, introduced by Zhang et al. (2001). Their study demonstrated that
DGT concentrations were a better indicator of bioavailable metal in soils compared to
free Cu2+ activity, EDTA extraction, or analysis of soil solution concentrations as the
plant concentrations of Cu were linearly related and highly correlated with that of CE
[17].
If the sole supply of metals to the DGT device is by diffusional supply from
adjacent porewaters, then the initial concentration, Csoln, at the interfacial region of the
probe will be depleted over the duration of the deployment to Cdiff. Once deployed a
pseudo steady state concentration gradient through the diffusive layer takes a few
minutes to establish and the flux, F, is given by equation 14 (a variation on Eq. 1),

F

DCdiff
g

(14)

41

where Cdiff represents the mean interfacial concentration during the DGT deployment.
The mean flux can be calculated from the measured accumulated mass of metal using
Eq. 2. The mean interfacial concentration for the diffusion-only case can be calculated
directly, using equation 15 (a variation on Eq. 3).

Cdiff 

Mg
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(15)

The ratio of the mean interfacial concentration due to re-supply by diffusion
only, Cdiff, to the initial or bulk concentration, Csoln, can be expressed as equation 16.

Rdiff 

C diff
C so ln

(16)

The Rdiff value is determined by the geometry of the device, soil tortuosity and
deployment time. It may be calculated using a numerical solution of the diffusion
equations [56]. If localised depletion of metal concentrations induces resupply from
the solid phase, this contributes to the mass of metal on the DGT device, which will
be greater than in the case of solely diffusional supply and the mean interfacial
concentration can be given as CDGT, (Eq. 3). CDGT reflects a concentration that is
approximately maintained as constant due to supply from both solution and solid
phase, providing the kinetically labile reservoir is not substantially depleted. Bulk
solution concentration, Csoln, does not represent an effective concentration that
encompasses both porewater concentration and resupply from solid phase. Zhang et al.
[17] proposed an effective concentration, CE, to represent supply to DGT in case (b)
and (c) of Figure 2.5. An effective solution concentration, CE, can be derived by
dividing CDGT by Rdiff, equation 17.

CE 

CDGT
Rdiff

(17)

Effective concentration is based on an understanding of diffusional plant
uptake processes. As the DGT device mimics plant uptake by locally lowering soil
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concentrations, a measurement of the effective concentration, CE, can be related to the
processes of plant uptake. By measuring metal that could be supplied to the plant
from both soil solution and solid phase, it is possible to make an assessment of the
potential hazard that particular soil poses. Measurements of the effective
concentration of Cu have been validated by Zhang et al. [17], by means of
comparison to Cu concentrations in the plant material of Lepidium heterophyllum [17].
Similar work has been conducted for a range of different metals, plants and soils [63,
292, 293].

2.7.7 The ferrihydrite binding layer: use with the DGT technique.
One of the objectives of this study is to develop a method to characterise the
adsorption of the environmentally prevalent toxic forms of arsenic and selenium onto
a ferrihydrite DGT binding layer. For this, investigation is required into the conditions
under which the various forms of arsenic and selenium are prevalent, the affinity of
these forms for the ferrihydrite binding layer as well as their relationship with
competitive ligands such as sulfate and phosphate.
Panther et al. [65] investigated the effect of pH on the response of DGT with a
ferrihydrite binding gel covering the pH range generally experienced in natural waters.
The study concluded that under the stipulated experimental conditions, in deployment
solutions administered with As(V) or As(III), the effects of pH are minor over the pH
range 3 to 7 as the predicted mass agreed with DGT accumulated mass for both As(V)
or As(III) [65].
Previous studies into the behaviour of methyl arsenic have shown that
MMAs(V) and the inorganic As(V) exhibited high adsorption affinities on ferrihydrite
at pH values below 9. Above pH 9 adsorption decreased for both these forms, as it
does for both inorganic arsenate and arsenite, with MMAs(V) showing a more rapid
decrease. Under the conditions studied by Lafferty and Loeppert [214] DMAs(V) was
adsorbed in only small quantities on ferrihydrite regardless of concentrations and then
only at pH values less than 8. They also showed that oxidation state was critical as all
three of the pentavalent arsenics studied demonstrated adsorption characteristics that
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suggest specific adsorption onto ferrihydrite, whereas for MMAs(III) and DMAs(III)
there was no evidence for any type of specific adsorption under the study conditions.
The parameters of pH, redox speciation of arsenic, the characteristics of the
sorbents, co-occurring inorganic and organic solutes in the aqueous phase as well as
their relative concentrations are factors that directly influence the sorption of arsenic
in natural waters. These same parameters are taken into consideration when
characterising the operational parameters of the ferrihydrite binding layer in
measuring arsenic and selenium using the DGT technique. For investigation of
competitive binding, the affinity of each sorbate for the surface needs to be measured
as well as the effect of relative concentrations of the sorbates.
In order to characterise the deployment parameters of DGT devices utilising a
ferrihydrite binding layer to measure arsenic and selenium we will initially be looking
at a simplistic system and progressing to emulating the complexities of a natural
system. Dissolved silica, phosphate and fluoride are strong ligands that compete with
arsenate for adsorption sites on iron hydroxide, exerting a strong negative effect [294,
295]. The effect of both the presence and relative concentrations of these ions must be
assessed in terms of operational parameters of the DGT technique with arsenic and
selenium.
The aim of this study is to apply the DGT and DET techniques to the in situ
measurement of As and Se in marine sediment porewaters and correlate these
measurements to those of trace metals, primarily Fe and Mn, known to be closely
associated with As and Se sequestration and remobilisation.

2.8 General conclusions
The DGT method has the potential to be used as an analytical tool to assess the
environmental impact of a specified contaminant in sediment-water systems. As the
distribution, mobility and toxicity of elements in natural waters, soils and sediments
are strongly related to their speciation, species specific measurement would enhance
the understanding of the behaviour of labile analytes and their mobility through
various environmental compartments.
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DGT-ferrihydrite has previously been characterised for the determination of
orthophosphate and inorganic arsenic. Here that characterisation is furthered with
respect to the oxyanions arsenate, arsenite, selenite and vanadate.
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Chapter 3.

An evaluation of ferrihydrite- and MetsorbTMDGT techniques for measuring oxyanionic
species (As, Se, V, P): effective capacity,
competition and diffusion coefficients
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3.1 Introduction
In the past few years there has been considerable research into developing new
diffusive gradient in thin films (DGT) techniques for measuring oxyanion species in
fresh or marine waters. This research has explored several binding layer materials
ferrihydrite for PO43- [48], total inorganic arsenic [65], Se(VI), V(V) [66], and W(VI)
[258]; Metsorb™ titanium dioxide for PO43- [73], total inorganic arsenic, Se(IV) [72]
and uranium [296]; zirconium oxide for PO43- [297]; other layers investigated for
uranium include Spheron-oxin® [298] and MnO2 [59]]; Mercaptopropanol has been
studied for uptake of As(III) [69] and Chelex-100 for As(III) in marine waters [50].
This research is a comparative evaluation of simultaneous measurements of labile
inorganic As, Se, PO43−, and V(V) with ferrihydrite and Metsorb™ in both simulated
freshwater and seawaters.
The DGT technique is used to quantitatively measure labile species in situ in
freshwater and marine systems [15]. This method calculates a time-integrated
concentration of dissolved labile species in the bulk solution, CDGT, using the DGT
equation (Eq. (3.1)) derived from Ficks First Law of Diffusion [34].

CDGT 
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(3.1)

CDGT can be calculated using the measured mass of analyte accumulated on a
binding gel, M, the distance diffused through, Δg (combined thickness of diffusive gel
and filter membrane), the diffusion coefficient of analyte in diffusive gel and filter
membrane, D, deployment time, t, and sampling area exposed to bulk solution, A.
Therefore, an accurately known rate of diffusion through the diffusive layer for each
analyte is necessary to derive quantitative measurements. To date, diffusion
coefficient values reported for the species As(V), As(III), Se(VI) and Se(IV) have
shown wide disparity, in some cases as much as 30–40% variation [65, 66, 72, 258,
299].
Much of the initial research on resin binding affinities and capacities has used
single elements. However, single-element assays are not environmentally relevant, as
aquatic systems are complex mixtures of dissolved and colloidal phases. Thus, to
evaluate the performance of binding resins under environmentally relevant conditions,
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simultaneous uptake of analytes requires consideration. Several studies have
compared DGT binding layers for one or two analytes [58, 261], with only one recent
study describing multi-element uptake for oxyanions over extended deployment times
[260].
Ferrihydrite is selective for several oxyanions and competition amongst these
ions and their varying adsorption affinities has been investigated [225, 227, 300] and
found to follow the general order As(V) > PO43− > As(III) > silicate > bicarbonate
[301]. However, more complex adsorption interactions have also been observed:
As(III) adsorption decreased when concentrations of bicarbonate, silicate and PO43−
were lower [301]; a moderate negative effect on adsorption of As(V) in the presence
of PO43−was magnified if bicarbonate and silicate were also present [300]; and, at
pH > 7, PO43− concentrations had a greater effect on As(V) adsorption [227] while
bicarbonate and silicate affected total arsenic adsorption [302]. For selenium the
sequence of anion competitive adsorption on ferrihydrite at pH 7.0 was
orthophosphate> silicate > molybdate > fluoride > sulfate > selenite, with Se(IV)
adsorption much stronger than Se(VI) [204]. Although adsorption of Se(VI) to
ferrihydrite is well documented, the binding affinity of ferrihydrite for selenate is
very low [130] and the surface complexation of Se(VI) on iron hydr(oxide) varies
with pH and ionic strength [303].
Metsorb™ contains titanium dioxide (anatase) which is selective for a similar
range of oxyanions (http://www.gravertech.com) and, although not as well studied as
ferrihydrite, similar competition effects have been observed [304]. Knowledge of the
competition between analyte ions is therefore critical in order to establish reliable
working parameters for passive sampler measurements made using ferrihydrite- or
Metsorb™-DGT techniques. For example, several studies have shown how the
effective capacity of a binding layer will vary depending on analyte speciation [66,
299] and the deployment conditions [58], and that it is necessary to quantitatively
measure analyte species over times relevant to the deployment times [260].
This study aims to address some of the critical knowledge gaps concerning
measurement of oxyanion species (As(III), As(V), Se(IV), Se(VI), V(V) and PO43−
(as DGT-labile P)) by ferrihydrite- and MetsorbTM-DGT. The possibility of
competition between analytes adversely affecting analytical performance, and the
effective capacity of binding gels in complex environments was investigated over
extended deployment times. The precipitated ferrihydrite binding layer [66] was used
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and characterised in detail in this study. Diffusion coefficients for these analyte ions
were determined by diffusive cell measurements and controlled DGT deployments,
the two methods typically used within the literature, and discussed in light of
literature values. We also sought to thoroughly understand the effect of competitive
uptake by other ions present in deployment environments

3.2 Materials and Methods
3.2.1 General experimental
All chemicals were analytical reagent grade or equivalent. All plastic ware
(polycarbonate or polyethylene) and glassware was rigorously cleaned before use by
soaking in 10% (v/v) HNO3 (Analytical Reagent grade) for a minimum of 24 h,
followed by thorough rinsing with Milli-Q water (18.2 MΩ/cm; Milli-Q Academic
Water System; Millipore). Analyte solutions (typically 25 mM) were freshly prepared
in order to avoid speciation changes: As(V) and As(III) were prepared from
Na2HAsO4.7H2O and NaHAsO3.7H2O, respectively (Ajax Chemicals, Australia);
Se(VI) and Se(IV) were prepared from Na2SeO4 and NaHSeO3, respectively (SigmaAldrich, USA); V(V) was prepared from NH4VO3 (Ajax Chemicals, Australia); and a
530 μM PO43- solution was prepared from KH2PO4 (Ajax Finechem).
Seawater was collected from Towradgi Beach, NSW, Australia, filtered (0.2
μm, MiniSart, Sartorius), acclimated to room temperature (21±1°C), and analyte
concentrations measured routinely. Where necessary, salinity of filtered seawater was
adjusted to test salinity of 35 using Milli-Q deionised water. DGT deployments were
conducted at 21o C. Salinity, temperature and pH were measured using a pH probe,
Duraprobe and multiparameter meter (Thermo Scientific 5-Star Plus, Orion Pacific
Pty Ltd) as per manufacturer’s instructions.

3.2.2 DGT preparation and assembly
DGT ‘piston’ samplers and agarose-based cross-linker for preparing DGT gel
stock solution were purchased from DGT Research Pty (Lancaster, UK). All gel
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preparations and DGT piston manipulations were performed in an AURA SD4
Laminar Flow Cabinet.
Standard gel stock solution used in the synthesis of binding and diffusive gels
was prepared as described by Zhang et al. [48] (Appendix A, A.1). The precipitated
ferrihydrite binding layers were prepared by modifying a previously described method
[37, 66]. A 0.64 mm diffusive gel layer was immersed in 0.15 M Fe(NO3)3 for > 2
hours with regular gentle agitation. The layer was rinsed with Milli-Q water then
immersed in 100 mL of 0.05 M 2-(N-morpholino)ethanesulfonic acid buffer (MES, ≥
99%, Sigma-Aldrich), pre-adjusted to pH 6.3 with 1 M NaOH (Merck, Germany) for
1 hour. Gels were rinsed thoroughly, stored in Milli-Q water at 4oC and deployed
within two weeks of synthesis. Metsorb™ binding layers were prepared using a
method described by Bennett et al. [72]. Chelex-100 (Na form, 200-400 bead size,
Bio-Rad Laboratories) binding layers were prepared using a method described by
Zhang et al. [34].
Prior to assembly, diffusive gels were immersed for at least 24 h in an
appropriate conditioning solution, 0.01 M NaNO3 for freshwater deployments and
0.12 M NaCl for seawater. Using standard DGT pistons (3.14 cm2 sampling window),
the binding layer was placed onto the base followed by a diffusive gel and cellulose
nitrate filter membrane (0.45 μm pore-size, 0.11 mm thickness, Whatman), then
clamped in place by the retaining sleeve.

3.2.3 Binding gel blanks and DGT detection limits
For each batch of binding layers synthesised and used in the DGTs, a blank
measurement was made for the entire process. This monitored for contamination
during synthesis and handling, in addition to identifying variations between batches.
Blank measurements were conducted in triplicate (Table 3.1) and calculated from the
measured mass of analyte on gel binding layers (Section 3.1, Eq 3.1). The blank
masses were subtracted from the measured mass on deployed DGT devices. Gel
blanks were also used to calculate method detection limits (MDL, 3 times the standard
deviation of the blank) on a per experiment basis using all the DGT deployment
conditions. The required time to reach the MDL was calculated for a DGT piston,
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fitted with a diffusive gel and filter membrane of combined thickness 0.091 cm,
deployed in a freshwater solution at 25 °C and containing 150 nM of As, Se, V and
1500 nM of P. Calculations were performed using the appropriate sample dilution,
elution efficiency and diffusion coefficient for each analyte.

3.2.4 Elution efficiency
Elution efficiency, expressed as a percentage, is the ratio of mass recovered
through elution from the binding gel compared to mass adsorbed from solution [34].
The elution efficiency was determined for inorganic As, Se, V(V) and PO43− from
ferrihydrite and Metsorb™ binding layers. A single binding disc was immersed in up
to five solutions (5 mL) ranging in concentration from 0.3 to 13 μM of analyte.
Elution efficiencies were conducted in triplicate at each concentration and for
ferrihydrite and Metsorb™ were measured in spiked solutions of both synthetic
freshwater and filtered seawater at pH 8.1.
The ferrihydrite binding gels were eluted in 1 mL of 3.2 M HNO3 for 24 h.
The iron in the ferrihydrite binding layers completely dissolved in the acid solution
leaving a clear gel disc therefore the eluant could be diluted directly to 0.32 M HNO3
for analysis. The Metsorb™ binding gels were eluted in 1 mL of 1 M NaOH for 24 h
then an aliquot of the eluant was neutralised and matrix matched to 0.32 M HNO3
prior to analysis. To identify the effects of matrix on the instrumental analysis of the
analytes, elution samples were prepared to dilution factors equivalent to 1 mL of
eluant diluted to a final volume of 10, 20 and 30 mL and analysed in triplicate.

3.2.5 Comparison of diffusion coefficients measurements
Measurements of diffusion coefficients through the polyacrylamide gel and
filter membrane were conducted using both a diffusion cell, Dcell, [262] and DGT
devices, DDGT [65, 66]. The diffusion coefficient, D, was calculated using the slope of
the linear regression of the measured mass of analyte as a function of time (Eq. (3.2)),
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the concentration of the bulk solution, Cs, measured directly and the known Δg and A
values.

D

Slope  g
Cs  A

(3.2)

Method 1. The diffusion cell compartments were connected by a 1.5 cm
diameter window, which contained a diffusive gel, 0.080 cm, and cellulose nitrate
filter membrane, 0.011 cm (0.45 µm, Whatman GmbH, Germany) with the filter
membrane exposed to the analyte source compartment, giving a diffusive path length
of 0.091 cm. Both compartments were filled with 90 mL of either synthetic freshwater
or filtered seawater, equilibrated (2 h) and stirred constantly. 1 mL of solution was
removed from the source compartment and replaced with spike solution for a final
concentration of between 50 and 140 µM. The solution was equilibrated for 10–
15 min prior to removing 500 µL aliquots from each compartment every 5–15 min for
up to 2.5 h. Temperature and pH were monitored throughout the experiment. Aliquots
were diluted and acidified to 0.32 M HNO3 for ICP-MS analysis. Eq. (3.2) is used,
when the source compartment concentration does not change over the measurement
period, to calculate Dcell.
Method 2. Mass accumulated over time experiments were also used to
determine DGT derived diffusion coefficients, DDGT. Triplicate DGT devices were
deployed in: single analyte solutions of As(V), As(III), Se(VI) and Se(IV); dual
analyte solutions (As(V) and Se(VI); As(III) and Se(IV)); and multiple analyte
solutions (As (as either V or III), Se (as either VI or IV), VO43−and PO43−). Bulk
solutions consisted of either synthetic freshwater or filtered seawater, pH 8.1 ± 0.1.
DGT devices were removed at measured time intervals, concurrently with grab
samples of bulk solution.

3.2.6 The effects of pH and ionic strength on uptake on DGT
measurements
Analyte solutions of ~0.6 to 1.3 µM were prepared, adjusted to the required
pH (using 0.1 M NaOH or HNO3) and continuously stirred for 2 h to equilibrate prior
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to deployments. Ferrihydrite DGT’s (containing 0.091 cm diffusive path lengths)
were deployed in triplicate for 4 h. Deployments for As(III) and Se(IV) were
conducted under N2. Ionic strength experiments ranged from 0.001 to 0.2 M NaNO3 at
pH 6.0 ± 0.2 and pH experiments from pH 4.0 to 8.0 ± 0.3. Calculations of CDGT,
using Eq (3.1) (Section 3.1), were made using diffusion coefficients obtained at pH
6.0 ± 0.2 in 0.01 M NaNO3 for freshwater experiments and for seawater, diffusion
coefficients used were either obtained in seawater at pH 8.1 ± 0.1 or calculated as 8%
lower than that obtained at pH 6.0 ± 0.2 in 0.01 M NaNO3 [262, 305].

3.2.7 Quantitative uptake and effective capacity in the presence of
competing ions
Ferrihydrite DGT pistons were deployed in triplicate in well-stirred synthetic
freshwater or filtered seawater at pH 8.1 ± 0.1 for 3–72 h. Single element solutions
contained As(V), As(III), Se(IV) or Se(VI). The effective capacity of the binding gel
was determined during these experiments, and was performed individually for As and
Se at high concentrations.
Competition uptake effects were studied in synthetic freshwater with As and
Se species, or in synthetic freshwater or seawater with various combinations of As
and Se species with V(V) and PO43− (Table 3.1). Solution compositions were selected
to represent different water conditions, while the concentrations were selected for
analytical and experimental convenience. The selection considered that trace element
concentrations and speciation can be difficult to maintain in laboratory experiments,
due to adsorption losses and microbial processes, as was observed for solution As and
Se Red (Table 3.1). If competition effects were not observed at these concentrations
they would not be likely to occur at lower concentrations. Sample aliquots of bulk
solution were taken during extended deployments and processed through anion
exchanger phase cartridges (SAX) to monitor for speciation changes of As and
Se [306, 307].
To evaluate the performance of DGT binding layers, a comparison of the DGT
derived concentration, CDGT, was made to the directly measured solution
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concentration, Cs, and a ratio value of 1 ± 0.1 for CDGT/Cs indicated a quantitative
measurement.

Table 3.1. Concentration (μM) of analytes in multi-analyte deployments. Values in
parentheses denote concentrations at the end of a deployment due to change in
speciation, and Ox and Red denote oxidised and reduced species, respectively.
Experiment

Fresh Se(VI)
Fresh (Ox)
Fresh (Red)
Fresh (Ox)
Fresh (Red)
Marine A
Marine B

Total µM

14
2.4
24.6
8.2
6.1
3.2

As(V)

1.3
(0.3)
1.3
1.3
0.5

As(III)

0.9
1.2
-

Se(VI)

Se(IV)

V(V)

PO43-

14
1.1
(0.06)
1
-

1

20.2
3.9
3.1
1.2

2.1
2.1
1.1
1

1
0.6
0.5

3.2.8 Sample analysis
Analytes were quantified by Octopole Reaction Cell-Inductively Coupled
Plasma-Mass Spectrometer (ORC-ICP-MS, Agilent 7500ce) utilising standard and
collision/reaction gas modes where applicable. Selected measurements of
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P

conducted by OCR-ICP-MS in helium collision gas mode and standard mode
compared well with measurements taken using a spectrophotometer (Shimadzu, UV1700) using a modified molybdenum-blue method previously described [48].
Analytical standards for ICP-MS analysis were prepared in 0.32 M Baseline® HNO3
(Seastar™ Chemicals Inc., Canada) using a multi-element standard (IV-ICPMS-71D,
Inorganic Ventures, USA). Additional quality control standards of known
concentration were analysed at regular intervals to monitor for signal drift, and spike
recoveries were used for quality assurance purposes. Analysis of P, As and Se by ICPMS is problematic due to both interferences caused by polyatomic ions as well as
signal suppression due to the presence of easily ionised elements such as Na+ [308,
309]. Use of collision or reaction gases with ORC-ICP-MS under optimised
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conditions has been shown to remove some or all polyatomic interferences on
75

P,

As [309], 78Se and 82Se [309, 310]. In a complex sample matrix the analysis of
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P

remains problematic as the presence of high concentrations of Fe is the likely cause of
signal suppression which results in lower elution efficiency values at lower sample
dilutions (Table 3) but washing ferrihydrite binding layers in Milli-Q water to remove
seawater, and dilution of elution samples to 1:20 (≤0.005 M NaNO3) markedly
counters signal suppression due to high Fe concentrations or signal suppression due to
Na+ content.

3.3 Results and discussion
3.3.1 Binding gel blanks and DGT method detection limits
As DGT is an accumulation technique the MDL varies with deployment time
and solution concentration. For this study, all MDLs were extremely low (Table 3.2).

Table 3.2. DGT ferrihydrite and Metsorb™ binding gel blanks, method detection
limits (MDL) and limit of quantification (LOQ). MDL and LOQ were calculated for a
24 h deployment using a diffusive thickness of 0.091cm (diffusive gel and filter
membrane), sampling area 3.14 cm2 and diffusion coefficient at 25oC.

Analyte

As(V)
As(III)
Se(IV)
Se(VI)
V(V)
PO43-

Ferrihydrite
+
gel blank
MDL
nmol
nM

0.010 ± 0.001
0.006 ± 0.001
0.016 ± 0.005
0.028 ± 0.001
0.021 ± 0.006
4.5 ± 0.3

0.23
0.18
1.3
0.25
1.5
97

++

+++

Time
to reach
MDL, h

LOQ
nM

0.06
0.03
0.12
0.13
0.17
4.0

0.77
0.59
4.3
0.83
4.9
320

Metsorb™
+
gel blank
MDL ++Time
nmol
nM
to reach
MDL, h
0.009 ± 0.001
0.004 ± 0.001
0.016 ± 0.006
0.025 ± 0.004
0.021 ± 0.005
5.0 ± 0.4

0.19
0.16
1.3
1.0
1.3
100

0.06
0.03
0.12
0.12
0.17
4.4

+++

LOQ
nM
0.62
0.55
4.2
3.3
4.3
330

+

calculated using 3 x the standard deviation of the handling blank (n=3)
The MDL in solution corresponds to required time to reach the MDL when deployed in a
freshwater solution at 25oC containing 150 nM of As, Se, V and 1500 nM of P.
+++
10 x the standard deviation of the handling blank (n=3).
++
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For As, Se, and V in a 150 nM mixed solution, the mass of analyte required to
provide a DGT-labile concentration above the detection limit was accumulated within
1 h of deployment for both ferrihydrite- and Metsorb™-DGTs. For PO43− at the higher
concentration of 1500 nM, it took between 4.0 and 4.4 h of deployment for
ferrihydrite and Metsorb™, respectively, as the blank mass was higher due to
interferences experienced during
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P analysis using an ICP-MS [311]. The mass of

analyte required to exceed the limit of quantification (LOQ) was obtained for As, Se,
and V within 30 min of deployment, whilst for PO43− it was achieved in 5.7 h. This
data shows that the DGT methods described here are very suitable for ultra-trace
analysis of As, Se and V ions and trace analysis of P.

3.3.2 Elution efficiencies
The elution efficiencies (Ef) were clearly influenced by the analytical
procedure (Table 3.3) where the 1:10 dilution of the eluant for both ferrihydrite and
Metsorb™ produced lower Ef than more dilute eluants. For the ferrihydrite binding
gel, elution of analytes in acid resulted in complete dissolution of the ferrihydrite,
hence 100% elution could be assumed. Therefore Ef < 100% were attributed to signal
suppression during ICP-MS analysis due to the high concentration of Fe3+ in solution.
The Metsorb™ gel elution process (1 M NaOH) in Bennett et al. [72] used a 1:10
dilution resulting in a final concentration of 0.1 M Na+, which was prohibitive for
simultaneous analysis of P by OCR-ICP-MS used in this study. Signal suppression by
ionisation is due to concomitant salts in the sample matrix that are easily ionised in
comparison to the analyte of interest (first ionisation potential, P 10.486 eV, Na
5.139 eV) [308]. The ICP-MS signal suppression in both cases was confirmed by the
sequential increase in Ef with increasing dilution of eluted samples, with eluents <0.05
M NaOH producing Ef that were similar to those determined by Panther et al. [65]
and Osterlund et al. [258].
Table 3.3 presents the Ef values for the synthetic freshwater study, however, Ef
values obtained from seawaters were consistent with freshwaters for As(V), As(III),
Se(IV) and V(V) eluted from both ferrihydrite and Metsorb™ (Table 3.4). When
binding layers are well-washed prior to elution, the matrix of a deployment solution
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did not affect the Ef values. Seawater Ef values were not obtained for PO43− and
Se(VI) but are assumed to be the same as in freshwater due to the uniform results for
the other analytes.
Accurate elution efficiencies become more important for extended deployment
times. For example, in a deployment in waters containing 10 μg L-1 of As(III), the
error introduced if using a 0.88 Ef for As(III) instead of 0.99 Ef would be 12 % at 2h
but increasing to 16 % at 9 h.
As the 1:20 or 1:30 final dilution factor for both ferrihydrite and Metsorb™
were similar and suitable for simultaneous analysis of all analytes, a 1:20 dilution was
adopted for the binding gels from both fresh and marine waters for subsequent work.

Table 3.3. Elution Efficiencies (Ef) for precipitated ferrihydrite and Metsorb™ binding
gels, expressed as a ratio of eluted to bound analyte (mean ± SE, n=9), deployed in
spiked synthetic freshwater (ranging from 0.3 to 13 µM), pH 6.0 ± 0.2 and 0.01 M
NaNO3.
Metsorb™

Ferrihydrite
Analyte

1:10

1:20

As(V)
As(III)
Se(VI)
Se(IV)
V(V)
PO43-

0.89 ± 0.05
0.88 ± 0.03
0.80 ± 0.07
0.81 ± 0.07
0.90± 0.04
Not obtained

1.00 ± 0.02
0.99 ± 0.01
0.94 ± 0.03
0.94 ± 0.03
0.99 ± 0.02
0.81 ± 0.07

+

Dilution factor
1:30
0.98 ± 0.02
0.94 ± 0.03
0.94 ± 0.03
0.94 ± 0.03
0.99 ± 0.02
0.80 ± 0.09

+

1:10

1:20

1:30

0.81 ± 0.09
0.86 ± 0.09
0.83 ± 0.06
0.81 ± 0.05
0.90 ± 0.05
Not obtained

1.00 ± 0.02
0.99 ± 0.13
0.93 ± 0.05
0.94 ± 0.03
0.99 ± 0.02
0.61 ± 0.09

1.00 ± 0.02
1.01 ± 0.10
Not obtained
0.95 ± 0.03
0.99 ± 0.03
0.69 ± 0.09

dilution of 1 mL of binding layer eluant for OCR-ICP-MS analysis

Table 3.4. Elution Efficiency (Ef) for precipitated ferrihydrite and Metsorb™ binding
gels, expressed as a ratio of eluted to bound analyte (mean ± SE, n=9), deployed in
spiked filtered seawater (ranging from 1.3 to 13 µM), pH 8.1 ± 0.1.
Ferrihydrite
Analyte
As(V)
As(III)
Se(IV)
V(V)
+

1:10
0.90 ± 0.04
0.93 ± 0.04
0.85 ± 0.05
0.95± 0.03

1:20
0.99 ± 0.03
0.99 ± 0.02
0.95 ± 0.04
0.99 ± 0.02

Metsorb™
Dilution factor+
1:30
1:20
0.98 ± 0.02
0.98 ± 0.03
0.94 ± 0.05
0.99 ± 0.03

0.98± 0.03
0.99± 0.03
0.93 ± 0.04
0.98 ± 0.03

1:30
0.98 ± 0.03
0.99 ± 0.04
0.95 ± 0.05
0.99 ± 0.04

Dilution of 1 mL of binding layer eluant for OCR-ICP-MS analysis
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3.3.3 Determination of oxyanion diffusion coefficients
Diffusion coefficients are reported at 25 ˚C, converted from D at the measured
temperature using the Stokes Einstein equation [305]. The diffusion coefficients were
determined by two techniques (Section 3.2.5) with <3% variation between DDGT, and
Dcell (Table 3.5) for both spiked seawater and synthetic freshwater measurements. The
greatest variation between Dcell and DDGT was for As(III) and is most likely the error
associated with measuring speciation change (oxidation to As(V)) during the
experimental procedures.
The Dcell in synthetic freshwater ranged from 60 to 76% the value in water,
Dw, for As(V), Se(VI), PO43− [305], As(III) [312] and V(V) [313]. The corresponding
measured diffusion coefficients for diffusive gels in seawater ranged from 53 to 69%
of the value in water. This lower range of diffusion coefficients in seawater diffusive
gels is consistent with predictions made by Li and Gregory [305], who observed a 5
and 8% decrease of the water Dw value in seawaters between 0 and 25 ˚C,
respectively.
The measured diffusion coefficient, Dcell, for PO43− and VO43− (Table 3.5) is
in excellent agreement with previous studies (PO43−: 6.05 × 10−6 cm−2 s−1 [48][1];
VO43−: 6.72 × 10−6 cm−2 s−1 [258] and 6.5 × 10−6 cm−2 s−1 [66]), differing by ≤3%.
However, the diffusion coefficients published thus far for As(V), As(III), Se(VI) and
Se(IV) are quite disparate. Our diffusion coefficients for As(V) shows some
agreement with Fitz et al. [63] (6.01 × 10−6 cm−2 s−1) but is 15–20% higher than
values from Luo et al. [66], Osterlund et al. [258] and Panther et al.[65] (5.18, 5.21
and 4.85 × 10−6 cm−2 s−1, respectively), and 11% lower than Bennett et al., [72] (6.83
× 10−6 cm−2 s−1). The diffusion coefficient for As(III) in this study, 7.65 × 10−6 cm−2
s−1, lies between two previously reported results, Panther et al [65] with 6.40 × 10−6
cm−2 s−1measured in a buffered solution, and Bennett et al. [72] at 10.5 × 10−6 cm−2
s−1. For Se(VI) the diffusion coefficient obtained in this study, 7.22 × 10−6 cm−2 s−1, is
16% higher than the value obtained by Luo et al. 6.1 × 10-6 cm-2 s-1 [66].
In previous studies diffusion coefficients of metal ions in diffusive gels were
found to be ~85 % of the value of diffusion coefficients in water [39] whilst the
oxyanion PO43- was found to be ~71 % [48]. In this study the diffusion coefficients of
the oxyanions measured in synthetic freshwater are between 67–76% the value of that
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in water, Dw. The reason for this decrease eludes us. It is not likely to be charge
effects, as Luo et al., [66] found no measurable charge effect of analytes binding to
the diffusive layer. Also, in a study of cation diffusion, Zhang and Davison [262]
demonstrated the relatively free diffusion of cations through the diffusive gels. It is
possible that the decrease in diffusion coefficient is a result of pore size restricting the
free diffusion of the larger polyatomic ions [267]. The variation in diffusion
coefficient values between laboratories (Table 3.5) suggests that oxyanion species are
more susceptible to variations in diffusive layer preparation and storage conditions
than cations. This warrants further investigation.

Table 3.5. Diffusion coefficients (x 10-6 cm-2 s-1, at 25oC) in diffusive gels and filter
membrane using a diffusion cell and ferrihydrite DGT devices. Error reported as
standard error using standard deviation of slope.
in 0.01 M NaNO3,
at pH 6.0 ± 0.2
As(V)
Se(VI)
V(V)
PO43As(III)
Se(IV)

References,
in 0.01 M NaNO3,

in Seawater
at pH 8.1 ± 0.1

Ddiff cell

DDGT

Ddiff cell

DDGT

Dwater

Ddiffcell or DDGT

6.10 ± 0.06
7.22 ± 0.08
6.70 ± 0.06
6.09 ± 0.12
7.65 ± 0.09
7.30 ± 0.08

6.05 ± 0.05
7.10 ± 0.05
6.73 ± 0.08
6.01 ± 0.07
7.45 ± 0.04
7.05 ± 0.07

5.50 ± 0.13
6.55 ± 0.14
6.01 ± 0.09

5.51 ± 0.08

a

c

Not obtainable

a

c

6.05 ± 0.10

Not obtainable

6.99 ± 0.10
6.40 ± 0.12

6.90 ± 0.09
6.49 ± 0.09

9.05
9.46
i
11.3
a
8.46
b
11.1

5.2, d6.01, e5.21, f6.83, g4.85
6.1, f7.44
c
6.5, e6.72/6.66
h
6.05
f
10.5, g6.40
f
8.91

a

Li and Gregory [305], b Leaist [312], c Luo et al. [66], d Fitz et al. [63], e Osterlund et al. [258], f Bennett et
al. [72], g Panther et al. [65],h Zhang et al. [48], i Ribeiro, Lobo et al. [313].

3.3.4 The effects of pH and ionic strength on uptake
Between pH 4 and 8 As(V), As(III) and Se(IV) showed quantitative uptake
onto ferrihydrite, returning 100 ± 10% of the directly measured concentration. Results
in synthetic freshwater concur with previous work for As(V) [65, 66, 258], As(III)
[65] and Se(IV) Metsorb™ [72]. For Se(VI) at the higher pHs of 7.0 and 8.0, uptake
was not quantitative, falling below 90% of the directly measured concentration. Low
uptake of Se(VI) on ferrihydrite at higher pH has previously been documented [303],
and is likely to be due to the decrease in the number of available surface binding sites,
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as the number of fully protonated sites decreases with increasing pH [130, 303]. The
uptake at pH 4–8 indicates that diffusion coefficients do not differ greatly from those
experimentally derived at pH 6.0 (Table 3.6). Similar results have been seen in other
studies [65, 258].

Table 3.6. The effect of pH on binding of As(V), As(III), Se(VI) and Se(IV) to
ferrihydrite, expressed as the ratio of the concentration determined by DGT, C DGT, to
concentration measured directly in solution, Csoln. Deployment was for 4 h in 0.01M
NaNO3 and for As(III) and Se(IV) were conducted under N2. Mean ± SE (n = 3-12).
pH
(±0.5)
4.0
5.0
6.0
7.0
8.0

As(V)

1.02 ± 0.03
0.96 ± 0.01
0.97 ± 0.01
0.94 ± 0.02
0.96 ± 0.05

Se(VI)

n=6
n=6
n=12
n=9
n=3

0.94 ± 0.03
1.00 ± 0.02
0.93 ± 0.02
0.85 ± 0.04
0.61± 0.02

As(III)

n=6
n=8
n=5
n=6
n=3

0.95 ± 0.02
0.97 ± 0.02
0.96 ± 0.02
0.93 ± 0.04
0.92 ± 0.01

Se(IV)

n=3
n=3
n=9
n=3
n=9

1.02 ± 0.07
0.98 ± 0.04
1.00 ± 0.10
1.05 ± 0.02
0.97 ± 0.02

When deployed in solutions across a range of ionic strengths of NaNO3, the
uptake of As(V), As(III) and Se(IV) was quantitative onto ferrihydrite at 4 h (Table
3.7). However, increasing ionic strengths decreased Se(VI) adsorption, with CDGT <
90 and <60% of the directly measured solution value, Csoln, at 0.1 and 0.2 M NaNO3,
respectively. In spiked seawaters, uptake of Se(VI) was negligible, with almost
complete suppression of uptake. The mass adsorbed to the binding gel did not
increase between 4 and 8 h, with CDGT at 5 and 3% of theoretical values, respectively.
This uptake suppression is a result of both high pH and high ionic strength (competing
ions). As ferrihydrite is able to adsorb a range of cations and anions in the complex
seawater matrix, primarily sulfate, carbonates, silicate and metal ions [301, 314], the
uptake of competitive ions will reduce the binding sites available for analytes of
interest. As sulfate and selenate have identical pH sorption envelopes [315] it is likely
that sulfate is the major competitive ion for selenate in seawater. Therefore, as uptake
of Se(VI) onto ferrihydrite in seawater was <5% at 4 h, thus uptake of selenium onto
ferrihydrite in seawater deployments is assumed to be Se(IV) with <5% error margin.
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n=3
n=3
n=6
n=3
n=6

Table 3.7 The effect of molarity on binding of As(V), As(III), Se(VI) and Se(IV) to
ferrihydrite, expressed as the ratio of the concentration determined by DGT, CDGT, to
concentration measured directly in solution, Csoln. Deployment was for 4 h at pH 6.0 ±
0.2 in NaNO3 or pH 8.1± 0.1 in filtered seawater and for As(III) and Se(IV) were
conducted under N2. Mean ± SE (n = 3 to 12).
NaNO3
Molarity

As(V)

0.001
0.01
0.1
0.2
Seawater

1.00 ± 0.05
0.97 ± 0.01
0.94 ± 0.01
1.00 ± 0.01
0.95 ± 0.02

Se(VI)
n=6
n=12
n=3
n=6
n=3

0.96 ± 0.04
0.93 ± 0.02
0.86 ± 0.09
0.51 ± 0.05
0.03 ± 0.01

As(III)
n=9
n=5
n=6
n=9
n=3

0.95 ± 0.02
0.99 ± 0.01
0.98 ± 0.09
0.94 ± 0.06
0.93 ± 0.02

Se(IV)
n=3
n=3
n=3
n=3
n=3

1.03 ± 0.07
0.98 ± 0.04
0.98 ± 0.02
0.96 ± 0.09
0.94 ± 0.03

3.3.5 Quantitative uptake and effective of effective capacity in single
element solutions
The binding gels are deemed to be within effective capacity if analyte uptake
increases linearly over time and is in agreement with the predicted DGT response
(determined by the directly measured concentration in solution and DGT Eq. (3.1)),
which indicates that the principles of DGT are adhered to [34, 48]. Deviation of
uptake from linearity indicates that the effective capacity of a binding gel was
exceeded. Effective capacity in freshwaters was determined (Table 3.8) by measuring
uptake from 1.5 to 48 h using single analyte solutions (Appendix A, Fig. S2–S4, solid
line ± 10%) of approximately 50 and 130 µM for As(V), 50 µM for As(III) and
Se(IV), and approximately 15 µM for Se(VI). Although the effective capacity of
Metsorb™ was not studied here, Panther et al. [58] demonstrated that Metsorb™ had
an effective capacity for PO43− of approximately 1200 nmol. When deployed in
solutions of the same concentration the effective capacity for As(V) onto ferrihydrite
was ~290 nmol in seawater, which is 56% of the As(V) synthetic freshwater capacity
of 520 nmol (Table 3.8.; and Appendix A, Fig. S4). Lower effective capacity in
seawater can be attributed to both the higher concentrations of competing major ions
and a decrease in adsorption capacity due to increased pH.
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n=3
n=3
n=3
n=3
n=3

Table 3.8. Effective capacity for precipitated ferrihydrite binding gels.
Soln
Conc

Effective Capacity
in 0.01 M NaNO3

Effective Capacity
in seawater

nmol

Time to
effective
capacity
h

nmol

Time to
effective
capacity
h

Analyte

nM

As(V)
As(V)
As(III)
Se(IV)
Se(VI)

130
50
55
50
15

530
520
>460
>400
30

8
16
>10
>10
3.5

290
Not obtained
Not obtained
Not obtained

10
-

The adsorption capacity of ferrihydrite for As(V) has been shown to decrease
as pH increased above 7.5 [130, 316]. These factors mean that longer deployment
times in solutions containing high concentrations of competing ions (e.g. seawater)
will in effect lower the number of available binding sites for As(V) over time due to
continual uptake of competitive ions. In freshwaters, As(III) on the ferrihydrite
binding layer was still within capacity at 460 nmol (Appendix A, Fig. S3), however,
an effective capacity in seawater for both reduced species As(III) and Se(IV) was
difficult to obtain. Despite running experiments under nitrogen, there was still
appreciable oxidation of As(III) to As(V) and to a lesser extent, Se(IV) to Se(VI).
The effective capacity for Se(VI) in freshwater was 30 nmol (Table 3.8) and
was reached in only 3.5 h. This was more than one order of magnitude lower than for
As(V), As(III) and Se(IV). It was also lower than the Se(VI) effective capacity
reached by Luo et al. [66], which may be attributable to variations in experimental
method conditions. The lower affinity of Se(VI) for ferrihydrite compared to Se(IV)
and arsenic is well documented [130, 204, 317]. No effective capacity was obtained
for Se(VI) in seawater, as uptake is negligible (Fig. 3.1b and Table 3.7).

3.3.6 Quantitative uptake in the presence of competing ions
The performance of ferrihydrite- and MetsorbTM-DGT was evaluated using
multi-element solutions (Table 3.1). Competition effects for oxyanions were observed
on both binding layers when the DGT were deployed in multi-element freshwater and
seawaters solutions (Figs. 3.1 and 3.2). The results are described below.
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3.3.6.1. Arsenic (V), Arsenic (III) and orthophosphate.
Both ferrihydrite and Metsorb™-DGT produced quantitative measurements
for As(V) (Figs. 3.1a and 3.2a) and PO43− (Figs. 3.1f and 3.2f) in fresh and marine
waters. The uptake of As(III) was only measured in freshwater over 41 h (under N2)
due to the difficulty in maintaining arsenite for long deployments, especially in
seawater. The uptake of As(III) was quantitative for both ferrihydrite and Metsorb™,
with a change of oxidation state from As(III) to As(V) of <15%. Competition effects
for all three of these elements were negligible.

3.3.6.2. Vanadium (V)
The freshwaters (high and low concentrations) showed quantitative adsorption
of V(V) onto both ferrihydrite and Metsorb™. However, the seawater solutions
showed the effects of competitive ion uptake on adsorption of V(V) towards the end
of the deployments for both binding layers. In the ‘Marine A’ solution, V(V) uptake
was quantitative at 31 h but at 43 h fell to 0.88 and 0.83 of the theoretical adsorbed
value for ferrihydrite and Metsorb™, respectively. The ‘Marine B’ solution, which
had a lower concentration, was quantitative at 60 h for both binding layers but at 72 h
fell to 0.89 and 0.88 of the theoretical value for ferrihydrite and Metsorb™-DGT,
respectively. Hence at marine pH, V(V) has a marginally lower affinity for
ferrihydrite and Metsorb™ compared to As(V) and PO43−.

3.3.6.3. Selenium (VI)
The freshwater deployments showed a significant amount of Se(VI) was
adsorbed to ferrihydrite, however measured concentrations were not in the
quantitative range (1.0 ± 0.1), confirming the lower affinity of Se(VI) for ferrihydrite,
especially in the presence of several competing ions (Fig. 3.1b). For the low
concentration freshwater solution ‘As and Se (Ox)’ (Table 3.1), the uptake of Se(VI)
was quantitative at 4 h but fell to 0.89 and 0.71 of theoretical values at 8 and 44 h,
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respectively. This is concerning as most DGT deployments would be much longer
than 4 h. At higher Se(VI) concentrations (Fresh (Ox)), adsorption of Se(VI)
decreased from 0.41 of theoretical at 4 h down to <0.07 at 24 h, indicating capacity
effects, even with minimal competition (data not shown).
The Metsorb™ binding layer is not selective for Se(VI) (Fig. 3.2b) which
agrees with previous results. For the ‘As and Se (Ox)’ solutions, after 4 h the
Metsorb™-CDGT value for Se(VI) was <0.40 of the directly measured solution
concentration and fell to <0.20 after this time. In the presence of a greater total
concentration of competitive ions Metsorb™-CDGT results for Se(VI) were below 0.10
(Fig. 3.2b). Therefore, in a mixed species deployment of Se(IV) and Se(VI) the error
margin introduced by non-quantitative uptake of Se(VI) onto DGT-Metsorb™ over
deployment times >24 h would be less than 5%, much lower relative to the results for
DGT-ferrihydrite in freshwater,

3.3.6.4. Selenium (IV)
Selenite has a lower adsorption affinity for ferrihydrite and MetsorbTM
compared to arsenic, V(V) and PO43−. For the ‘Fresh Red’ low concentration solutions
(Table 3.1), after 41 h quantitative uptake of Se(IV) was maintained for ferrihydrite
but uptake onto MetsorbTM dropped to 0.82 of theoretical adsorbed value. The
change of oxidation state from Se(IV) to Se(VI) in ‘Fresh Red’ was approximately
0.05 at 41 h, so although uptake of Se(VI) onto Metsorb™ is much lower than onto
ferrihydrite in freshwater conditions, the impact of the change in species could
account in part for the low uptake value onto Metsorb™, and a truer value would be
between 0.82 and 0.85 at 41 h.
For the ‘Marine A’ high concentration solutions, ferrihydrite maintained
quantitative uptake of Se(IV) for 43 h, but Metsorb™ dropped to 0.84 and 0.71 of
theoretical at 31 and 43 h, respectively. In ‘Marine B’ low concentration solutions,
ferrihydrite was quantitative for Se(IV) at 60 h but at 72 h fell to 0.87 of theoretical.
For Metsorb™ Se(IV) was only quantitative up to 36 h and dropped to 0.88 and 0.73
of theoretical at 48 and 72 h, respectively.
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3.3.6.5. Summary and discussion.
These results indicate that the relative binding layer affinity order for both
ferrihydrite and Metsorb™ is PO43− ≈ As(V) > V(V) ≈ As(III) > Se(IV) >>> Se(VI).
As maintaining speciation of As(III) throughout long deployments was problematic,
further testing in multi-element solutions would be required to produce more
comprehensive data for As(III). Analyte uptake onto ferrihydrite and Metsorb™
binding layers produced very similar results for the freshwater deployments under the
conditions tested. For ferrihydrite, in the freshwater deployments the total nmol of all
analytes adsorbed onto the binding layer was 240 nmol at 41 h for Fresh Red and 400
nmol at 24 h for Fresh Ox.
The total mol uptake was within the effective capacity totals determined for
As(V), As(III) and Se(IV) in single element solutions in the synthetic freshwater
(Table 3.8). As the results are quantitative for all analytes except Se(VI) there are no
indications of passivation of the Metsorb™ under the same conditions a total of 230
nmol of all analytes had adsorbed on the binding layers at 41 h and 410 nmol at 24 h
for Fresh Red and Fresh Ox, respectively. The effect of the competitive ions in
seawaters was shown to increase as the length of deployment increased. The total
nmol of all analytes adsorbed onto the ferrihydrite binding layer was 170 nmol at 43 h
for Marine A, with slightly higher concentrations, and uptake was quantitative for
As(V), Se(IV) and PO43−, whilst just outside quantitative for V(V) at 0.89. For Marine
B, the measurements of all four analytes were quantitative on ferrihydrite with a total
of 120 nmol adsorbed at 60 h, however, at 72 h, uptake of both V(V) and Se(IV) had
fallen just outside the quantitative range. For Metsorb™ Marine A deployments, the
effective capacity for Se(IV) was reached at 31 h, a total of 120 nmol of measured
analytes on binding layer, whilst for V(V) effective capacity was reached at 43 h,
adsorbing total of 160 nmol of analytes. In the ‘Marine A’, Metsorb™ effective
capacity for Se(IV) was exceeded at 61 h, with a total of 115 nmol adsorbed.
However, for the lower concentrations in Marine B, at 72 h 132 nmol of total
measured analytes had adsorbed with uptake still quantitative for As(V) and PO43−,
with V(V) adsorption at 0.89 of theoretical and Se(IV) at only 0.73.
Work by Panther et al. [58] indicated the effective capacity of their Metsorb™
binding layer to be ~1200 nmol of P and quantitative uptake of As(V), V(V) and
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PO43− was possible in a multi-element solution of seawater for up to 4 days [260].
The results presented here indicate that the effective capacity was reached much
sooner. It is likely that incorporation of different masses of material within the
binding gels may be behind these different observations, with an increased mass
producing an increased measurement capacity. Panther et al. [58] has optimized
Metsorb™-DGT more thoroughly and this study has optimized ferrihydrite-DGT
more thoroughly, so these DGTs performed better in the respective seawater
measurements. Clearly both binding layers should be optimised to produce the highest
capacity possible especially for seawater deployments.
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Figure 3.1. Comparison of measurements of concentration derived from DGTferrihydrite, CDGT, versus directly measured concentration, Csoln for a) As(V), b)
Se(VI), c) As(III), d) Se(IV), e) V(V) and f) PO43-. The solid line indicates adherence
to predicted theoretical uptake and the dotted lines ± 10%.
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Figure 3.2. Comparison of measurements of concentration derived from DGTMetsorbTM, CDGT, versus directly measured concentration, Csoln for a) As(V), b)
Se(VI), c) As(III), d) Se(IV), e) V(V) and f) PO43-. The solid line indicates adherence
to predicted theoretical uptake and the dotted lines ± 10%.
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3.4 Conclusion
Our work has demonstrated the importance of evaluating binding layers in
multi-element deployments to ensure quantitative uptake and to determine the analyte
specific limitations on deployment times. Under the conditions tested the performance
of both ferrihydrite and Metsorb™ binding layers was directly comparable for As(V),
As(III) Se(IV), V(V) and PO43- over a deployment spanning ≤2 days for both
freshwater and seawater with As(V) and PO43- remaining quantitative throughout.
This work has demonstrated that in multi-element seawater solutions, Se(IV) has a
lower affinity for the Metsorb™ and ferrihydrite binding layers compared to As(V),
V(V) and orthophosphate.
In order to return quantitative data for several analytes we recommend that the
DGT method employing either ferrihydrite or Metsorb™ be deployed for a maximum
of 2 days in marine waters likely to contain high levels of the most strongly adsorbing
oxyanions contaminants. The high pH, the competitive ions present in seawater and
the identity of co-adsorbing ions affect the capacity of each binding layer for the
analytes of interest. In freshwaters, longer deployment times can be considered but the
concentration and identity of co-adsorbing ions may impact on quantitative uptake of
Se(IV). In marine environments, high concentrations of analytes that bind with high
affinity to ferrihydrite and Metsorb™, such as arsenic, V(V) and PO43-, will have a
detrimental effect on the quantitative uptake of Se(IV) over deployment times over 2
days. In marine waters containing very high concentrations of As and PO43- the 3 day
deployment recommendation should be shortened. There is a greater effect on
adsorbent effective capacity in marine waters; therefore, marine deployments are
limited to a far greater extent than freshwater.
As both ferrihydrite and Metsorb™ binding layers are selective for a greater
range of ions than were considered in this study, future research should consider a
greater range of selective ions. By increasing the number of selective oxyanions in
competitive binding tests and conducting test over timeframes more representative of
the requirements of environmental monitoring it will be possible to set an effective
field deployment time for a more comprehensive list of analytes. In addition to
parameters for competitive uptake of analytes, consideration needs to be paid to the
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effects of co-adsorbing analytes and their effect on the overall capacity of the layers,
for example passivation of binding positions.
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Chapter 4

DGT and DET in spiked marine sediments:
porewater profiles of As, Se, Fe, Mn, V and P
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4.1 Introduction
Arsenic (As) and selenium (Se) are toxic elements present in natural waters at trace
concentrations (nM). As and Se are present in igneous and sedimentary rocks and are
immobilised through weathering processes. Higher concentrations in surface waters are
usually due to contamination from anthropogenic activities including base metal smelting,
coal-fired power plants and mining, as discussed in Chapter 2, section 2.2 [318]. Furthermore,
the toxic characteristics of select arsenic compounds have been exploited as pesticides and
herbicides, and decades of use have resulted in contamination of large tracts of agricultural
land. This enrichment has caused environmental devastation in some locations. Se toxicity
has been responsible for aquatic ecosystem collapse, for example, at Belews Lake, NC, in the
USA [170], Kesterson Reservoir area, CA [319], the San Joaquin Valley, CA [320] and Hyco
Reservoir, NC [321, 322], while As contaminated drinking waters has led to the poisoning of
over a million people in Bangladesh, India and Taiwan [323, 324].
Contaminants such as As and Se are removed from solution by adsorption to or coprecipitation with particulate iron and manganese oxyhydr(oxides) and dissolved organic
carbon [242, 248, 325, 326]. These minerals are buried over time, undergoing diagenesis. In
the suboxic zone of the sediment, As and Se are remobilised through the reductive dissolution
of labile iron and manganese oxyhydr(oxides) [242]. Solutes then diffuse upwards towards
the oxic zone, where they are readsorbed, and also diffuse deeper into the sediment. The
mobile contaminants are labile and readily available for biological uptake in aquatic
environments. The fate of the downward-diffusing solutes is influenced by redox conditions
and the relative concentrations of metals such as Fe and S [248, 249, 327]. Inorganic Se(IV)
and Se(VI) are rapidly reduced to elemental Se (both red amorphous and hexagonal
crystalline Se0(s)) by anaerobic bacteria in processes that are independent to the reduction of
sulfate [328]. However, sediments low in Fe and other metals but high in S will lead to As
precipitation with sulfide. If Fe(II) is in excess, Fe (and other metals) will precipitate with the
sulfide preferentially (as the solubility of FeS is lower than the mineral forms orpiment and
realgar) and leave insufficient free sulfide to react with porewater As, as was observed by
O’Day et al. [246].
There is a high degree of heterogeneity within coastal sediments so that the
distribution of As and Se biogeochemical processes described above is likely to be a complex
mosaic as opposed to a depth dependent horizontal redox stratification [50, 286]. Because of
72

this, there is data that questions the representativeness and accuracy of traditional sediment
sampling procedures for highly heterogeneous sediments [12, 13]. The need for high
resolution in situ techniques that can provide congruent data on a range of analytes is
becoming apparent due to both the heterogeneity within sediment [14] and the likely
limitations interpreting results from conventional techniques for these heterogeneous
sediment [12, 13].
As discussed in Chapter 2, section 2.7, the diffusive gradients in thin films (DGT) and
diffusive equilibrium in thin films (DET) techniques are in situ techniques that have been
used to measure trace element contaminants in sediments [15]. These techniques perturb the
sediment by inducing a flux from the porewaters and sediment solid phase, creating a
concentration gradient into the device [288], although this concentration gradient evolves
differently in the DET and DGT devices. DGT is a kinetic regime passive sampler that
provides a strong sink for analytes and induces a diffusional flux into the device, regulated by
a diffusive layer [15, 56, 288]. This flux into the DGT tends to deplete the solutes in the
interfacial porewaters over time unless desorption or dissolution processes in the sediment
phase can resupply the solutes to sustain their concentrations [15, 56, 288]. DET is an
equilibrium regime passive sampling technique that induces a much weaker flux into the
DET which diminishes over time [15, 47, 329]. DET has been successfully used to quantify
porewater trace metals and oxyanions and compares well with conventional pore-water
extraction techniques [263, 280]. Depending upon the sediment response DET devices can
reach 95% equilibration within 2 h (fully sustained resupply) or 24 hours (no resupply) of
deployment (Chapter 2, section 2.7.4 and 2.7.5) [15, 56].
The analyte mass accumulated in DGT devices is described by Fick’s First Law of
Diffusion [288], a derivation of which allows the average flux from the interfacial porewaters
to be determined using Equation 2 (Chapter 2, Section 2.7) given the known deployment
parameters of deployment time and sampling area. The assumption is that many porewater
solute concentrations are not fully sustained for the duration of a deployment therefore the
results should be interpreted as fluxes [288].
The ferrihydrite binding layer, investigated for use with the DGT technique,
quantitatively binds a variety of analytes in fresh waters [65, 66, 258] and in freshwater
sediment [37] including As(V), As(III), Se(IV), V(V), PO43-, W(VI), Mo(VI), and Sb(V) and
in marine waters As(V), As(III), Se(IV), V(V), and PO43- [50, 330]. Titanium dioxide has
been shown to adsorb a range of metal and metalloid contaminants similar to those adsorbed
by ferrihydrite including Se [331], As [332], Cr(VI) [333], Hg [334] and Sb [335]. In recent
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work, incorporation of Metsorb™ into a DGT binding layer achieved quantitative binding of
As(III), As(V), Se(IV) and PO43- in fresh waters [58, 72]. In freshwater sediment the
ferrihydrite binding layer has been found to quantitatively bind As, V(V), PO43- [37] and
Metsorb™ has been validated for uptake of inorganic As [336].
Here we evaluated the performance of DGT in marine sediment for uptake of
inorganic arsenic and selenium in marine sediments. We investigated two binding layers,
ferrihydrite and Metsorb™ titanium dioxide [259] that had been previously validated for
quantitative uptake of DGT-labile inorganic As, Se, V and P in marine waters (Chapter 3).
The simultaneous measurement of this suite of DGT-labile oxyanions has not previously been
performed in marine sediments. Sediment fluxes of Mn(II), Fe(II) and As(III), measured
using Chelex-100 DGT binding gels, were used to establish sediment redox boundaries.
Direct porewater measurements were obtained using DET [15] and used to confirm the
presence in the porewaters of As and Se, enabling us to validate the in situ binding
capabilities of the ferrihydrite binding layer. Due to the high reactivity of Se and As
oxyanions, with rapid reduction of Se to elemental species in the presence of microbial
activity [169, 207], and to ensure adequate concentrations to evaluate DGT and DET
performance for these anions, sediments were spiked with either As(V) and Se(VI), or As(III)
and Se(IV) 48-h prior to DGT and DET probe deployment. The value of dual DGT and DET
deployments for the measurement of anions in marine sediments is also described.
The aim of processing a two dimensional (2-D) profile in addition to the standard one
dimensional (1-D) measurements was to identify localised mobility of spiked analytes in
heterogeneous sediment. Characterisation of 2-D distributions of species in sediments is
limited using existing sediment porewater measurement methods.

4.2 Methods
4.2.1 General experimental
As per section 3.2.1 for all chemicals, plasticware and seawater.
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4.2.2 DGT and DET probe preparation and assembly
The preparation of the gel stock solution, synthesis of the DGT diffusive gel,
synthesis of the Metsorb™ and Chelex binding gels are described in section 3.2.2 and
Appendix A, (A.1).
The precipitated ferrihydrite binding layers used in the estuarine sediment high
resolution study were prepared using a different method (as described by Stockdale et al.
[37]) to that described in section 3.2.2. A 0.64 mm thickness diffusive gel layer was
immersed in a 0.1 M solution of Fe(NO3)3 (BDH, AnalaR) for ≥2 hours with regular gentle
agitation. The layers were rinsed with Milli-Q water before immersing for 1 h into 100 ml of
0.05 M solution of sodium bicarbonate (BDH, AnalaR), pre-adjusted to pH ~6.5 with nitric
acid (70%, BDH, AristaR), where the ferrihydrite precipitated in situ in the gel. Once
removed from the solution the gels were rinsed thoroughly with Milli-Q then stored in MilliQ water at 4 oC and deployed within 1 week of synthesis. The high resolution precipitated
ferrihydrite binding layers used in all other deployments was synthesised using an improved
method as described in section 3.2.2.
Standard DGT sediment probes (with sampling window of 18 x 150 mm) were
assembled by placing a backing filter membrane into the probe followed by the binding layer,
diffusive gel and then polysulfone filter membrane (0.45 µm pore-size, 0.14 mm thickness,
Pall Corp., US). These were clamped in place by a retaining plate.
For DET constrained probes, an agarose solution was prepared as described by
Docekalova et al. [280] by thoroughly dissolving 1.5 g of agarose (Biofinex, Switzerland) in
100 ml of Milli-Q, preheated to 80 oC, while stirring continuously. The hot agarose gel was
cast into the 1 mm x 1 mm x 18 mm wells on the base plate of the constrained DET probes,
ensuring there were no air bubbles in the wells. Once set a 0.45 µm pore-size, 0.14 mm
thickness polysulfone membrane filter was placed over the agarose gel area and clamped in
place by a retaining plate which has a sampling window of 18 x 150 mm. In order to avoid
the introduction of nitrates into the deployment system, for sediment deployments the
polysulfone membrane was used instead of cellulose nitrate. In simultaneous testing, no
discernable difference was determined between the diffusion coefficients through the
polysulfone membrane compared to cellulose nitrate.
Pre-deployment conditioning of probes was conducted in 0.1-0.12 M NaCl solutions,
which were cleaned prior to use by placing a sheet of Chelex-100 gel in the solution for ≥24 h.
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The DGT and DET probes were immersed in separate receptacles containing NaCl solutions
and were deoxygenated by bubbling high purity nitrogen gas through the solution for ≥24 h
prior to deployment. This ensured probes were of similar ionic strengths to deployment
conditions and avoided the disruption of sediment chemistry, e.g. oxidative precipitation of
Fe(II) to Fe(III) and dissolution of FeS, that would have resulted from the introduction of
oxygen into suboxic and anoxic sediments.

4.2.3 Sediment collection, spiking, and probe deployment
Sediments were collected from an estuary (Glasson Dock, Lancashire, UK) and a
marine mangrove area (Minnamurra River Estuary, NSW, Australia). The estuarine sediment
was carefully collected as intact core for use as a mesocosm in the heterogeneous, highresolution sediment study (‘high-res’). The mesocosm was established in the laboratory at
room temperature, overlaid with clean sea water and allowed to re-establish redox
equilibrium for 10 days. The marine mangrove sediment was collected for the low-resolution
(‘low-res’) speciation study. The marine mangrove sediment was sieved (<2 mm mesh) to
remove debris and larger organisms, allocated into seven individual containers (8 cm radius x
25 cm depth, with a 23 cm sediment depth) and placed into a single large aquarium (40 x 40 x
55 cm3). Sediments were aged under laboratory conditions for 8 months, under clean,
circulated and aerated overlying water (<0.2 µm filtered seawater, refreshed weekly).
Both the estuarine and marine mangrove sediments were spiked with inorganic
arsenic and selenium prior to deployment. Spiking solutions were freshly prepared in
deoxygenated 0.1-0.12 M NaCl solution using NaAsO2, Na2HAsO4.7H2O (Ajax Chemicals,
Australia) Na2SeO3, and Na2SeO4 (Sigma-Aldrich, USA). The ‘high-res’ estuarine sediment
was spiked with 25 mM As(V) and Se(VI), and the ‘low-res’ marine mangrove sediments
with either (i) Group A- 0.25 µM As(V) plus 25 µM Se(VI); or (ii) Group B - 0.25 µM
As(III) plus 25 µM Se(IV). One container of marine mangrove sediment remained unspiked
for use as a control.
Spike solutions were injected into the anoxic region of the sediments, approximately
60 mm below the sediment-water interface (SWI) with 9 x 1 mL aliquots. Each aliquot was
strategically dispensed at regular intervals around the sediment, determined by dividing the
circular surface of each container with four transects, spaced 45◦ apart from each other.
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Spikes were slowly dispensed (ca. 1 mL/min) with a needle and syringe halfway between the
centre and wall of the container at each of the eight radial arms of the transect, with one
aliquot in the centre. Fe, Mn, V and P were not included in the spike solutions, and natural
concentrations were measured. After spiking, the overlying water was removed to minimise
As and Se diffusion up through the sediment along the concentration gradient and were
allowed to re-establish equilibrium for 1-2 days at room temperature, after which time all
sediments were submerged in clean filtered seawater.

Figure 4.1 Ferrihydrite-DGT and DET probe deployment in an estuarine sediment core for
the ‘high-res’ study.

For the ‘high-res’ sediments, native infauna remained active throughout the
experiment despite the addition of large amounts of arsenic and selenium. One DET probe
and two DGT-ferrihydrite probes were deployed simultaneously for 72 h (Figure 4.1). For the
‘low-res’ speciation sediments, one DET and two DGT probes (one ferrihydrite and one
MetsorbTM) were deployed in marine mangrove sediments. A DGT-Chelex probe was placed
in two of the sediments to assess sediment redox regions. In this study, spiking and probe
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deployments were staggered, commencing with a 71-h deployment in Group A sediments
(arsenate and selenate spiked). On probe retrieval and disassembly, lower sections of the
ferrihydrite binding layer and the diffusive gels were black, and the Metsorb™ binding layer
was yellow. Within the highly anoxic region of the marine mangrove sediment (‘low-res’),
during the 72 h deployment the ferrihydrite reacted with the dissolved sulfides in the
porewater to form iron sulfides (Appendix B, Figure B3) [337]. The rate of this reaction is
dependent on the form of the iron oxide [390]. It is possible that the iron-sulfide precipitate
on the lower regions of the 71 h DGT deployments is an artefact of homogenised sediments
producing greater sulfides in the anoxic region than natural sediments due to the introduction
of reactive OM at depth.
Stockdale et al. [344] report that where a DGT probe detects a redox boundary, it can
be assumed that any metals detected in that region have been released from the source
authigenic oxide as it was reduced as an electron acceptor, and that this would release a much
greater concentration of trace metals than those released from the mineralisation of organic
matter. The formation of iron-sulfide extended into the diffusive gel, probably from the
reduced iron (Fe(II)) in the anoxic porewaters rather than the ferrihydrite gel. To confirm that
the precipitate was iron-sulfide, the binding and diffusive gel were exposed to air in the
laminar flow hood for several hours, over which time the black and yellow colouring
disappeared, and the gels returned to their original appearance. Iron sulfide formation may
affect the diffusion of dissolved solutes through the diffusive gel, in addition to reducing the
binding capacity of the binding gels. This would reduce the DGT-quantifiable solutes, as the
ions could bind to the iron-sulfide precipitate in the diffusive gel rather than diffuse through
to the binding layer. Through calculating the total mass of measured adsorbed analytes, the
binding gels were determined to be within effective capacity [330] and therefore the data still
useful. Subsequent probe deployments (Group B) retrieved after 48 hours showed no visible
precipitate on the diffusive or either binding gels. Therefore the Group A deployments (71 h)
should be considered conservatively.
Following deployment, probes were thoroughly rinsed with Milli-Q water, and stored
separately in clean plastic bags with 1 mL of Milli-Q water at 4°C until processed for analysis.
The gel for the probes deployed in the ‘low res’ marine mangrove sediment was sliced at 5
mm intervals. The ‘high-res’ estuarine sediment contained less organic matter and sulfides
than the marine mangrove sediment and the binding layer discolouration was not observed.
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4.2.4 Sample preparation and analysis
After retrieval DGT binding layers were cut long the sediment-water interface
and then cut to the desired resolution using a teflon-coated blade mounted on a micromanipulator guided along a vernier scale to achieve accurate slicing. One ferrihydrite layer
was cut into 1 mm strips (1-D flux profile), and the layer from the second probe into 3 x
3 mm squares (2-D flux profile for lateral and vertical heterogeneity). The data for this
second probe was also processed in one dimension.
For the ‘high-res’ sediment probes, the sliced gel was eluted with 16 M HNO3
(Baseline, Seastar™ Chemicals Inc., Canada) for 24 h, 100 μL for 1 mm slices (9.6 μL gel
volume ) and 50 μL for 3 x 3 mm squares (5.8 μL gel volume), then all samples were diluted
to 0.1 M HNO3 and a 1 mL aliquot taken for analysis. An elution factor of 1 and 0.95 was
used for As and Se, respectively. For the ‘low-res’ sediment probes, ferrihydrite and Chelex
gel slices were eluted in 3.2 M HNO3 (Baseline, Seastar™ Chemicals Inc., Canada) and
Metsorb™ gel slices were thoroughly washed in Milli-Q water and then eluted in 1.0 M
NaOH as described previously [67]. Ferrihydrite and Metsorb™ were prepared to the
equivalent of the 1:20 final dilution (as previously described in section 3.3.2) [330]. The
Chelex gels diluted 1:10 with Milli-Q water for analysis. DET gels were re-equilibrated in ≥
0.1 M HNO3 for 24 h with gentle agitation and the gel removed prior to analysis.
Analyses were performed by inductively coupled plasma-mass spectrometry (ICPMS) using either a Thermo Electron (X Series, Hemel Hempstead, UK) in standard mode, or
Agilent 7500ce (utilising both standard and collision/reaction gas modes as described
previously [330]). Using Equation 2, (Chapter 2, Section 2.7) [50], the flux of analytes from
the sediment (flux, pg cm-2 s-1) was calculated based on mass of analyte accumulated in the
binding gel (M, pg), duration of deployment (t, seconds) and area of the sampler exposed to
the sediment (A, cm2).

4.3 Results
4.3.1 Binding gel blanks and DGT method detection limits
Method blanks, duplicates and spike recoveries were performed on ≥10% of all
samples. Duplicate analyses were within 7% and spike-recoveries were 96-111% for all
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analytes. For each batch of probes blank concentrations of each gel type were assessed. Gels
blanks were assembled into DGT probes, sliced, analysed under the same conditions as
deployed probes, and concentrations derived from the DGT equation. In Table 4.1 the method
detection limit (MDL) (calculated as three times the standard deviation of the binding gel
handling blank concentration) and the limit of quantification (LOQ) (calculated as 10 times
the standard deviation of the binding gel handling blank concentration) is shown for the 5
mm gel slices (Figures 4.5 to 4.9).

Table 4.1. DGT ferrihydrite and Metsorb™ binding gel blanks, method detection limits
(MDL), and limit of quantification (LOQ) shown for As, Se, V and PO43- in Figures 4.5 to
4.9. The MDL is calculated for a 71-h deployment at 21oC, 0.091 cm thick diffusive gel and
filter membrane, gel slice 5 mm depth.
Ferrihydrite (nM)
+
Gel blank
MDL
As
Se
V
P
+
++

0.08 ± 0.04
0.19 ± 0.04
0.8 ± 0.1
300 ± 100

0.13
1.4
0.3
120

++

LOQ

0.45
0.48
1.1
400

Metsorb™ (nM)
+
Gel blank
MDL
0.6 ± 0.3
5±3
0.71 ± 0.45
290 ± 60

1.2
8.0
1.4
69

++

LOQ

3.9
29
3.2
230

calculated as 3 times the standard deviation of the handling blank concentration
10 times the standard deviation of the handling blank concentration.

4.3.2 High-resolution study of heterogeneous estuarine sediment
Porewater concentrations were measured for naturally occurring Fe and Mn (Figure
4.2) as the porewater chemistry of As and Se is closely linked to that of Fe and Mn oxides
[130, 131, 338]. Dissolved Mn concentrations increased immediately below the sedimentwater interface (SWI) indicating a thin oxic zone but any increase in dissolved Fe in the
suboxic region appears to be masked by the significant maxima between depth of -30 to 60 mm. The significant increase in the dissolved Fe content of the porewaters (a large Fe
peak) is concomitant with that of As (Figure 4.3a) whereas concentrations of dissolved Mn
between depths of -30 to -60 mm only gradually increased with depth. The concordant
maxima in DET depth profiles for Fe and As demonstrated the close coupling of As and Fe in
biogeochemical cycling and their related porewater equilibrium [225, 246, 339].
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Figure 4.2 DET porewater profile of iron and manganese at 2 mm resolution deployed in a
estuarine ‘high-res’ mesocosm spiked with As(V) and Se(VI).

The perturbation of the sediment porewater equilibrium conditions by the introduction
of the high concentration As(V) and Se(VI) in the spike solution into the sediment anoxic
region may have resulted in the solubilisation of Fe(II) from iron sulfides. Due to the
presence of Fe at high concentrations within the porewaters, and in the presence of high
concentrations of As, it is likely that not all of the Fe(II) reformed as iron sulfide after spiking.
Adsorption or precipitation processes control the dissolved concentrations of As in
porewaters and in reducing conditions the dissolved iron to sulfur ratio within the sediment
will control the removal of As from solution [246]. Below the SWI total Fe porewater
concentrations were >90 μM rising to a maximum of 740 μM at a depth of -46 mm. With
such a high concentration of Fe in the porewaters, the As will remain dissolved and mobile.
Although it is possible that Fe could also have been supplied by dissolution of Fe oxides this
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is unlikely when the Fe data is viewed in conjunction with the depth profile of Mn, which
does not display a spike related perturbation of concentration in the porewaters.
The DGT-ferrihydrite results show sharply defined maxima for As at a depth
consistent with spiking (Figure 4.3a and b). The 1 mm resolution DGT profile returned a flux
value approximately 70% that of the 3 mm resolution depth profile, most likely due to the
difference in proximity of the probe to the As spiked porewaters and sediment heterogeneity
as a result of infaunal activity and bioturbation.

DGT Flux
pg cm-2 s-1
- 47
- 41
- 34
- 27
- 24
- 21
- 14
-7
- 0.2

Width (mm)

a)

b)

Figure 4.3 As profiles from the ‘high-res’ estuarine sediment core spiked with As(V) and
Se(VI). (a) DET porewater profile of As and DGT-ferrihydrite one dimensional sediment flux
profiles of As at 1 mm and 3 mm vertical resolution, and (b) DGT-ferrihydrite two
dimensional sediment flux profile for As (3 x 3 mm resolution).
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The base of both the DGT As peaks is broad, primarily above the spike depth,
consistent with mobility along the concentration gradient, through the porewaters towards the
overlying waters. As measurements from the DET and both DGT probes show very similar
trends for the full length of the probes. The As maxima at a depth of approximately 40-50
mm is indicative of the centre of spike location with lateral and vertical diffusion from the
spike midpoint (Figure 4.3b).
The 2-D DGT profile illustrated an area of increased As mobility through the
sediment as a result of bioturbation. At approximately 10-20 mm the 2-D distribution of
dissolved As indicates a discrete maxima, likely the result of an irrigated worm burrow
accelerating the vertical flux of As. 2-D profiling illustrates lateral diffusion from the burrow
into the surrounding sediment.
The Se peak indicated by DET (Figure 4.4) is lying within the spiked area and was
more than one order of magnitude lower than that of As. The low concentration of Se still
available in the sediment porewaters 48 h after spiking indicated rapid conversion of Se to the
elemental form, that is no longer soluble, which is verified by reports in the literature [209,
328]. Elemental Se would not be DGT-labile and thus negligible DGT-labile Se was detected
in the anoxic region. If the porewater matrix contains high concentrations of the anions As(V),
PO43- and SO42-, that compete for and exhibit greater affinity for binding sites on ferrihydrite
[204], the Se(VI) that remains dissolved in the sediment porewaters is unable to bind to
ferrihydrite due to its extremely low affinity for ferrihydrite in marine conditions [67].
Further weight is added to this theory as Balistrieri and Chao [204] suggested that selenate
forms outer-sphere, monodentate complexes with ferrihydrite. This would put it in direct
competition for those sites with As(V) [130, 221, 235]. Selenium has been reported to
complex more strongly with organic matter than As [340] therefore complexed Se is likely to
make a proportionally greater contribution to DET-Se porewater concentration results as
colloidal Se than As would. So it is possible that some Se(VI) that has not reduced to
elemental Se has complexed with organic matter which has kept it in solution. As the pore
size of the DET agarose is larger than that of the DGT diffusive layer the Se present in
colloidal form in the porewaters is able to equilibrate in the DET agarose but is likely to be
trapped in the DGT diffusive layer, not reaching the binding gel.
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Figure 4.4. Se profiles from the ‘high-res’ estuarine sediment core spiked with As(V) and
Se(VI). DET porewater profile of Se and DGT-ferrihydrite one dimensional sediment flux
profiles of Se at 1 mm and 3 mm vertical resolution. The 2-D profile for Se was not
informative. Data points above the limit of detection were to be found mainly in the oxic
region and SWI.

Depth profiles for As and Se obtained from the same DET probe differ indicating a
variance in the diffusion rates for the two analytes. The As maxima is 14 mm higher in the
sediment than that of Se. This is likely due to the reduction of As(V) to As(III) in situ. As(III)
has a greater diffusion co-efficient than Se(VI) [67] and would therefore diffuse through
porewaters at a faster rate. A greater concentration of As is able to diffuse through the
sediment porewaters due to more As remaining labile compared to Se. As conditions become
less oxic both Se(VI) and Se(IV) reduce before As(V) and As(III) (E o/V in basic aqueous
solution: Se(VI) +0.03V, Se(IV) -0.36V compared to As(V) -0.67V and As(III) -0.68V [341]).
In work by Cutter Se(VI) was found to reduce directly to Se0 without an intermediate Se(IV)
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stage [342] which may account for minimal Se adsorbed to binding layers in the Se(VI)
spiked sediment. At the sediment-water interface and overlying waters there is a small
amount of Se adsorbed to ferrihydrite, whereas as depth adsorption is negligible. The
porewater matrix at depth may contain a greater amount of competitively binding species.
Further weight is added to this proposal when the DET and DGT profiles between the
sediment-water interface and 40 mm depth are compared.
After allowances for heterogeneity in the sediments have been made, the DET results
indicate that As and Se migrate vertically from the anoxic region through the sediment along
a concentration gradient. Although As and Se were then rapidly depleted from pore waters at
the SWI and overlying waters, the residence time of DGT labile As and Se was sufficient to
allow adsorption to the binding layers. For Se, appreciable adsorption by the DGT binding
layer only occurs in the suboxic/oxic region and the overlying waters. However, in the oxic
region and overlying waters results for As from the ‘low-res’ DGT were 50% greater than for
Se in this region.
Preliminary results here show that ferrihydrite is a suitable binding layer for profiling
As concentrations within marine sediment and use of 2-D analysis was able to detail the
inherent homogeneity within the sediment, highlighting areas of high concentration. Tandem
deployment of DGT and DET highlighted the porewater mobility of arsenic, especially in
contrast to selenium. Due to the difference in reduction potentials, spike concentrations with
a higher ratio of Se to As are used in the ‘low-res’ study in order to ensure that sufficient Se
remains available in the porewaters whilst the concentration of As is not so great as to negate
any uptake of Se due to the greater binding affinity of As.

4.3.3 Low resolution speciation study of homogenised-aged marine
mangrove sediment

In this study, the sieving and homogenisation of the heterogeneous marine sediment
removed larger (>1 mm) particles, debris and organisms, and disturbed pre-existing
stratification of sediment particle sizes, redox profiles and organic matter, averaging these
properties throughout the mesocosms. In the sediment mesocosms, the redistribution of
organic matter stimulated microbial activity at depth. The mineralisation of organic matter
increases the concentrations of NO3-, SO42- and sulfide, and mobilises Fe(II) and Mn(II) into
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the porewaters [228]. The profiles presented here are averages of well-mixed, aged
(8 months) sediments, although microenvironments with high concentrations may still
influence the measurements.

4.3.4 Iron and manganese profiles in aged marine mangrove sediments
The reduction of iron and manganese (oxyhydr)oxides delineates the redox boundary
between sub-oxic and anoxic sediments, that is, the boundary where the electron acceptors
with positive pε levels are no longer the primary source [228, 343]. The Fe/Mn reduction
zone was demarcated by deploying DGT-Chelex probes. The mean DGT-defined porewater
profiles of Fe(II) and Mn(II) in the mesocosms are shown in Figure 4.5b.
Measurements of Mn(II) flux were an order of magnitude lower than for Fe(II),
consistent with previously observed trends [50]. The oxic zone was very thin as Mn(II)
concentrations increased immediately below the sediment-water interface (SWI) to the
maxima (1.3 pg cm-2 s-1) at about 17 mm. Fe(II) appears in the porewaters at a depth of 7-10
mm increasing to a maxima at 40 mm depth, hence the Mn and Fe reduction zones are
between the SWI and 40 mm. The standard error for both Fe(II) and Mn(II) is low, especially
in the upper reaches of the sediment, indicating a reasonable degree of homogeneity in the
equilibrated sediment within and between mesocosms.
Below 40 mm the porewater concentrations of Fe(II) decreased, indicating the anoxic
region of the sediment where Fe(II) precipitates with sulfide to form insoluble FeS. This was
supported by the black FeS formation on ferrihydrite binding gels from 40-70 mm depth
when deployments exceeded 48 h (Appendix B, Figure B.1)). For deployment periods >24 h
co-binding analytes and deployment conditions need to be taken into account. Stockdale et al.
demonstrated that Fe(II), which has a greater affinity for Chelex than Mn(II), substituted for
Mn(II) on the Chelex binding layer over extended deployment periods [344] whilst under
reducing conditions CO32- has been shown to displace As(III) on iron hydr(oxides) [235].
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a)

b)

Figure 4.5 Sediment depth profiles in ‘low-res’ marine mangrove sediments of a) porewater
concentrations of DET-labile iron and manganese (mean ± SE, n = 6), and b) sediment flux of
Chelex DGT-labile iron(II) and manganese(II) (mean ± SE, n = 2).

The maxima for Fe(II) flux is observed at a lower depth to that observed for Mn(II)
in Figure 4.5b, offset by approximately 10 mm, consistent with the Mn(IV) being more
energetically favourable to anaerobic heterotrophic bacteria as an electron acceptor, observed
in both traditional and DGT sampling methods [50, 345]. Results from the DGT-Chelex
probes indicate the sediment was well-aged and the depth at which the zone of Mn and Fe
reduction occurred was consistent with reports in literature and the sediment redox
stratification was representative of conditions found in the field [346]. Similar Fe(II)/Mn(II)
profiles were found using Chelex-DGT deployments in marine sediment cores from the UK
that were also aged for 8 months, with Fe profiles in the present study resembling the profiles
of intact UK sediment cores, and Mn profiles having more similarity with homogenised-aged
UK sediments [344]. Thus, the DGT-defined Fe(II) and Mn(II) profiles allowed identification
of the suboxic: anoxic redox boundary at ~40 mm depth for all the mesocosms. Total Fe
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porewaters concentrations were measured using DET (Figure 4.5a) and were consistently
above 90 µM which allowed an estimation of the sulfide concentration to be 0.11 µM (hence
Fe(II) is in excess of sulfide) [347], assuming a pH of 7.5 in deeper coastal sediment [348]
and using a literature value of pKs of 3.5 [349].

4.3.5 Profiles of V and P in aged marine mangrove sediments
All labile V and P in these sediments represented concentrations naturally occurring
in the original sediments. As the sediments have been homogenised and aged, a relatively
even distribution of V was expected and DGT-labile vanadate and DET-labile vanadium
profiles from each of the mesocosms, Figure 4.6a and b respectively, were in very good
agreement with each other. The ferrihydrite and Metsorb™ binding gels were congruent for
V(V) throughout the sediment and overlying waters, with maximas (0.08-0.10 pg cm-2 s-1)
occurring between 5 to 10 mm depth (Figure 4.6a). The dominant aqueous species of V
between pH 7-8.5 and Eh 0 - 0.8 V is V(V) oxyanion as VO2(OH)2-, which quantitatively
adsorbs to ferrihydrite in natural waters [66, 330]. Below 25 mm, V flux decreased to
<0.01 pg cm-2 s-1. If binding gels are within effective capacity there are negligible
competition effects for V binding to precipitated ferrihydrite in the presence of elevated As
and Se in freshwater [66] and marine [67] solutions, therefore it is likely the V(V) oxyanion
underwent a redox transformation within the sub-oxic zone [350]. As depth increases,
sediments become more reducing, and under these conditions (pH 7-8.5, Eh -0.4 – 0 V) V(III)
as V(OH)3(aq) predominates [351]. This species of V is not anionic, and not labile for DGT
ferrihydrite or Metsorb™, as shown in Figure 4.6a.
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a)

b)

c)
d)
Figure 4.6. ‘Low-res’ speciation study concentration profiles in marine mangrove sediment
of (a) DGT-labile vanadate, (b) DET-labile vanadium, (c) DGT-labile orthophosphate and (d)
DET-labile phosphorus. For DET and DGT-ferrihydrite these represent the mean standard
error for probes deployed in six mesocosms and for Metsorb™ deployed in two mesocosms.
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The higher concentrations of DET-labile V throughout the full depth profile (100-210
nM), clearly demonstrates the dominance of non-DGT ferrihydrite labile V(III) species in the
suboxic and anoxic sediment (Figure 4.6b). Redox conditions have a strong influence on V
speciation in aqueous systems, elucidated through the dual DET and DGT deployment.
For P, the DET-labile P was determined only in the upper part of the probes due to
instrumental complications (data showed irregular drift). The correlation between DGT
profiles of P (Figure 4.6c) and Fe(II) (Figure. 4.5a) in the suboxic region is expected due to
reductive dissolution of Fe(III) to Fe(II) being a significant source of P to the porewater.
In the pH range 5-9 the predominant dissolved orthophosphate species are H2PO4- and
HPO42-, both of which have a high affinity for the ferrihydrite and Metsorb™ binding gels, as
shown by the trend for increasing DGT-labile phosphate below the oxic region of the
sediment and fluxes on both gel types are in good agreement. Panther et al. [58] previously
found that slurry ferrihydrite deployments of >24 h in natural waters with >0.7 mM HCO3underestimated the dissolved orthophosphate concentration by 37%, whereas concurrent
deployments of Metsorb™-DGT produced accurate measurements. However, the slurry
ferrihydrite has a much lower capacity than precipitated ferrihydrite [54], and the results here
suggest that the precipitated ferrihydrite may be less affected by HCO3- due to this higher
capacity.
Here the suitability of the precipitated ferrihydrite and Metsorb™ binding gel to
determine small-scale changes in orthophosphate in marine sediments is confirmed. This
finding is in good agreement with Santner et al. [54] who demonstrated the performance of
the precipitated ferrihydrite gel for analysing small-scale changes in P-concentrations in soils.
In Santners work the precipitated ferrihydrite had a decreased CDGT/CSoln ratio of 84±8%
when pH was increased to 7.9 indicating an effect of pH on the binding of P [54]. Therefore
the concentration of P at the sediment water interface (SWI) and overlying water (pH 8.1 ±
0.1) in this study are likely to slightly underestimate the labile P in solution, however,
sediment porewaters were pH 7.6 to 7.9 which is within the reported reliable pH range for the
gel.

90

4.3.6 The fate of arsenic and selenium spiked into aged marine mangrove
sediments
All labile As and Se in these sediments originated from the spiked solutions, as DETprofiles from the control (unspiked) sediments were consistently below detection limits. The
DGT-ferrihydrite, Metsorb™ and DET profiles of As and Se are from multiple spikes with
1 mL aliquots of approximately 20 µg As (0.25 µmoles) and 2000 µg Se (25 µmoles) 48 h
prior to probe deployment. Previous studies in our laboratory (unpublished results) showed
that selenious acid spiked into similar marine sediments (72.3% sand, 27.7% silt, 3.9%
organic content, spiked under N2(g)) was rapidly removed from porewaters within 48 h
(porewater concentrations decreased from 4300 ± 200 to 210 ± 50 µg. Se L-1 (mean ±SE,
n=3) at 0 and 48 h, respectively) and this was verified in the ‘high-res’ study, section 4.3.2.
Because of this reactivity, extremely high Se concentrations were selected for this ‘low-res’
study, to allow the performance of the two binding resins to measure Se fluxes in marine
sediments to be assessed.
Similar profiles were obtained for DGT- and DET-labile As in the suboxic regions of
the spiked mesocosms, and at the sediment-water interface (Figure 4.7a and b). In the suboxic
zone the DET-As was higher, however, the DET-As maxima for As(V) sediments occurred in
the spiking region, below the suboxic zone (48-58 mm). The lack of DGT-labile As at this
depth suggests that the DET-labile As is in a non-anionic form. Modelling by O’Day et al.
[246] predicted that concentrations of total arsenic in excess of 10 to 100 μM were required
in order to exceed realgar solubility, depending on pH and iron and sulfide concentrations.
Below this predicted threshold and in reduced conditions arsenic removal from porewaters
would be via adsorption. Bennett et al. [336] showed that in sediments that did not exceed 30
nM As, the arsenic would not be removed from solution by precipitation with arsenic-sulfide
minerals, as their solubilities (e.g. minerals realgar AsS(s) and As2S3(s)) were much higher
than FeS. This indicated that Fe(II) would preferentially precipitate with sulfide before As.
In the present study there were localised spikes of As, up to 150 nM, and
concentrations of Fe(II) is in excess of sulfide, so the formation of non-anionic Fe and sulfide
based arsenic compounds is possible. As(V) and As(III) also form weak complexes with
humic acid [352], which may contribute to the lower DGT-labile As in the anoxic zones of
the sediments.
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b)
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Figure 4.7. ‘Low-res’ speciation study concentration profiles in marine mangrove sediment
of DGT- and DET-labile arsenic in sediments spiked with 0.25µM arsenate (a,b) or 0.25µM
arsenite (c, d). For DET and DGT-ferrihydrite these represent the mean standard error of
DGT’s deployed in three separate mesocosms.
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Both As(V) and As(III) have a high binding affinity for ferrihydrite [330] and
Metsorb™ [72] and their profiles show that some of the spiked solutions had spread
throughout the sediment (Figure 4.7a and c). The As profiles showed very similar trends for
both binding agents, with the fluxes at the sediment-water interface for As(V) and As(III)
spiked sediments recorded as 0.1-0.2 and 0.03-0.04 pg cm-2 s-1, respectively. For the As(V)
spiked sediment, a single maxima occurred just below the sediment-water interface in the
oxic zone (Figure 4.7b), whilst for As(III) there were two maxima, at depth of 5 and 20 mm
corresponding to the Mn2+ and Fe2+ production zones (Figure 4.7c).
Although the averaged profiles for DGT-ferrihydrite returned higher sediment flux
values than the single Metsorb™ probe these differences were <0.1 pg cm-2 s-1 for As(V) and
<0.05 pg cm-2 s-1 for As(III)). As the flux values for naturally occurring V(V) and PO43showed great similarity between the two binding layer types, variation between the DGTferrihydrite and -Metsorb™ for As and Se may be accounted for by the heterogeneous nature
of depth spiking and subsequent dispersion through the sediment porewaters. There was
significant DGT uptake of As in the suboxic and oxic regions of the sediments, above the
redox boundary at 40 mm (Figure 4.7a and c), however there was less DGT-labile As in the
As(III) spiked sediments even though sediments were spiked with the same amount of As.
DGT-labile Se was present below the 60 mm spiking region, with Se(VI), between
80-95 mm, with maxima of 0.4-0.7 pg cm-2 s-1 and with Se(IV) predominantly between 45-85
mm, with maxima between 0.1-0.7 pg cm-2 s-1 (Figure 4.8a and c). The presence of analytes
below the spiking region may be due to some spiked sediment being pushed deeper into the
sediment during probe insertion, and also by general diffusion through the porewaters. Apart
from discrete maxima, lower DGT-labile measurements were observed in Se(VI) spiked
sediments, whilst in the upper 20 mm oxic/suboxic region of the sediments and overlying
waters, DGT-labile Se was present for both Se(IV) and Se(VI) spiked sediments for
ferrihydrite but only detected in the Se(IV) spiked sediment for Metsorb™. However, when
studying the data for the individual mesocosm, the Metsorb™ data is similar to that of
ferrihydrite. In seawater matrices Se(IV) is labile for both ferrihydrite and Metsorb™ but
Se(VI) has an extremely low affinity for both gels [72, 330], indicating that some of the
Se(VI) was transformed to a DGT-labile form as it moved towards the overlying waters, most
likely reduced to Se(IV) which is the dominant dissolved Se species in moderately reducing
conditions [209]. Oxidation of Se(IV) to Se(VI) is highly unlikely under environmentally
relevant conditions [209] as the oxidation rate is slow (half-time of hundreds of years [353])
and a function of redox potential.
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DET profiles of Se were markedly different between the different sediments (Figure
4.8b and d). Negligible Se was evident in control (unspiked) sediment DET profiles; hence
the original sediment was not responsible for the Se. Se(VI) spiked sediments had two
regions of elevated Se at 50-56 mm and 64-66 mm (~180 nM and ~ 850 nM respectively),
both within close proximity to the spike depth. Although the averaged Se(IV) DET profile
showed significant Se throughout the depth range, one of the three replicates (mesocosm 5)
was primarily responsible for this spread. Therefore it is likely that the prolific spread of
spiked porewaters may be attributed to probe deployment technique or positioning within the
sediment (Appendix B, Figure B.4). Selenite and selenate are rapidly reduced to elemental Se
(both red amorphous and hexagonal crystalline Se0(s)) in sediments by anaerobic bacteria in
processes that are independent to the reduction of sulfate [328]. This reduction rate increases
with pH to a maxima at pH 7.0-8.0 [354], is marginally affected by salinity (up to 7% NaCl),
unaffected by FeOOH and sulfate, but inhibited by nitrate and MnO2 [328], which explains
the DGT-labile Se in the oxic regions where nitrate and MnO2 are abundant (Figure 4.8a and
c). Mishra et al. [354] recently found Se0 nanoparticles in and around bacterial cells exposed
to 0.25 mM Se(IV) for 48 h, including the production of extracellular spherical Se
nanoparticles of ~200 nm. In this study, it is possible that the differences between DET and
DGT labile Se are due to the abundance of nanoparticle sized elemental Se particles
throughout the sediment and their mobility through the 0.45 μm filter into DET hydrogels is
feasible but yet to be investigated.
In marine waters Se(VI) has negligible affinity for both the Metsorb™ [72] and
ferrihydrite [67] binding layers. DGT-labile Se was present below the 60 mm spiking region,
with Se(VI) between 80-95 mm with maxima of 0.4-0.7 pg cm-2 s-1, and with Se(IV)
predominantly between 45-85 mm, with maxima between 0.1-0.7 pg cm-2 s-1 (Figure 4.8a and
c). As with Se, the presence of As below the spiking region may be accounted for by
displacement of spiked sediment upon insertion of the probe as well as diffusion downwards
of analytes through the porewaters. As mentioned earlier, it is likely that some As spiked
sediment was pushed deeper into the sediment during probe insertion, accounting for
presence below the spiking region. Apart from discrete maxima, lower DGT-labile
measurements were observed in Se(VI) spiked sediments than those spiked with Se(IV),
whilst in the upper 20 mm (oxic/suboxic region) of the sediments and overlying waters DGTlabile Se was present for both Se(IV) and Se(VI) spiked sediments for ferrihydrite but only
detected in the Se(IV) spiked sediment for Metsorb™.
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Figure 4.8. ‘Low-res’ speciation study concentration profiles in marine mangrove sediment
of DGT- and DET-labile seleneium in sediments spiked with 25 µM selenate (a,b) or 25µM
selenite (c, d). For DET and DGT-ferrihydrite these represent the mean standard error of
DGT’s deployed in three separate mesocosms.
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At marine pH the Chelex-100 binding layer is selective for As(III) [50] (Appendix B,
B.2) therefore we were able to make simultaneous measurements of Fe(II) and As(III)
sediment fluxes. A strong association between As with Fe has been frequently observed in
sediments [50, 246, 355], a relationship which was supported by the DGT Chelex As(III) and
Fe(II) fluxes (Figure 4.9a). Results show almost identical profiles from when they appear in
the porewaters in the suboxic Mn/Fe reduction zone, to the sharp maximum at 20 mm. For
the same mesocosm, almost identical profiles for As(III) (DGT-Chelex) and total As (DGTferrihydrite) were observed in the suboxic region from depth of 10 through to 30 mm (Figure
4.9b). Above 10 mm in the oxic zone the profiles diverge, likely due to a speciation change to
As(V) in the suboxic/oxic region of the sediment.

a)

b)

Figure 4.9. DGT-labile porewater profiles of (a) Fe(II) and As(III), and (b) Total As (As(V)
+ As(III)) and As(III) in ‘low-res’ marine mangrove sediment. Fe(II) and As(III) were
measured using DGT-Chelex and total inorganic As using DGT-ferrihydrite. The probes were
deployed in a single mesocosm, spiked with 0.25µM arsenite and 25µM selenite prior to
deployment.
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In natural systems Se and As mobility is largely controlled by sorption onto metal
oxide surfaces correlating As and Se availability in sediments to the reduction of Fe and Mn
oxides [141, 356]. Manganese (oxyhydr)oxides are important mediators in the oxidation of
oxidisable trace elements such as As(III) and Se(IV). The oxidation of these elements is very
slow with O2, however, they rapidly adsorb on to manganese (oxyhydr)oxides where they are
oxidised by the Mn(III, IV) [228]. This process may affect the speciation of the bound As and
Se, however, they will be non-DGT labile whilst complexed with Mn. The data presented
here demonstrated a strong link to the biogeochemical cycles of Fe and Mn oxides, given that
As and Se remained DGT labile above the Fe/Mn reduction region.
Although NOM also exerts a large influence on Se and As mobility and can release
high localised concentrations of Se and As into porewaters [248, 251], the release of metals
during the reduction of authigenic oxides would be a much greater source to porewaters than
those released from mineralisation of organic matter.
It is important to note that diffusion along concentration gradients to the overlying
waters is not likely to be the sole cause of the dispersion of As and Se along the DGT and
DET profiles. By using Einstein’s approximation (Equation 4.1, where diffusion time (t),
distance of diffusion (x) and diffusion coefficient (D)) the time required for the diffusion over
a given distance was estimated.
t ≈ x2 / 2D

(Equation 4.1)

The diffusion co-efficient in bulk sediment Ds is lower than the diffusion coefficient
in free solution, and is determined from the free solution diffusion coefficient (Do) divided by
the tortuosity squared (θ2). Sediment tortuosity was not calculated for the silty-sand sediment
used in this study, however, Iversen and Jorgensen [357] present Ds values for a range of
clay-silt and sandy sediments, with a range of 0.1 – 0.62 x 10-5 cm-2 s-1 for sulfate and
methane. Using these Ds values (which are lower than the As and Se diffusion coefficients in
seawater [330]) and t=432,600 s (5 days), the maximum diffusion distance is 0.93-2.31 cm.
This is well below the distance between the spike depth (60 cm) and the overlying water. In
the ‘low-res’ mesocosm, in the absence of bioturbating organisms and convection currents,
the spiked solutions most likely displaced porewaters forcing upward displacement of the
solutions (as the base of the mesocoms were contained, downward displacement would be
minimal). Anions below the spike depth are most likely artefacts from sediment displaced
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downward when the probes were inserted. This displacement in combination with diffusion
would produce analyte profiles observed for As and Se.

4.5 Conclusion
This study has confirmed the usefulness of both the precipitated ferrihydrite and
Metsorb™ binding gels for the simultaneous measurement of As(III) and As(V) (as total As),
Se(IV), and natural concentrations of V(V) and PO43- from marine sediments.
In the ‘low-res’ study similar porewater profiles were observed for both the
ferrihydrite and Metsorb™ binding gels, verifying comparable affinities and capability for
those analytes in marine sediments under these deployment conditions. In the ‘high-res’ study,
2-D profiling of As concentrations within the sediment was able to detail the homogeneity
within an intact sediment core, populated with infauna, revealing areas of high concentration
likely associated with benthic burrows. In contrast, both the 1-D and 2-D profiles for Se
returned negligible or very low concentration data which agreed with previous studies of
Se(VI) in high ionic strength and high pH conditions.
Pseudo steady-state concentration gradients can be established from 24 h deployments
but for deployments >>24 h sulfide concentrations in the sediment will need to be considered
due to possible sulfide related effects on both the ferrihydrite and Metsorb™ binding gels and
their diffusive gels. Also, for longer deployment times the issue of binding layer effective
capacity and competitive ion effects due to variations in analyte affinity to binding layers will
impact on the robustness of data.
Concurrent use of DGT-Chelex was useful for identification of the Fe and Mn
reduction region and the Fe/Mn redox boundary, at 40 mm below the sediment-water
interface. Porewater profiles showed more DGT-labile Se, As and V in the sub-oxic and oxic
regions of the sediment and overlying waters, which is consistent with the release of anions
following the reductive dissolution of Fe and Mn in this redox zone.
The dual DET and DGT deployments highlighted the high proportion of DET labile
anions compared to the much lower concentrations DGT labile anions on the DGT gels.
These differences were attributed to the redox-driven transformations within the suboxic and
anoxic regions of the sediments, converting oxyanions to non-DGT labile forms, as well as
the limited resupply of DGT labile forms from the solid phase to the porewaters. The
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presence of nanoparticles of elemental Se within the DET is also likely; however, the
mobility of nanoparticles into DET hydrogels is yet to be reported.
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Chapter 5.

Simultaneous DGT and DET measurements to
investigate the effects of bioturbation on
porewaters solutes in marine sediments.
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5.1 Introduction
Aquatic sediments play a significant role in the global cycling of environmental
contaminants, acting as both a sink and source to the overlying waters [358] as discussed in
Chapter 2, section 2.4.2. Sediments generally have trace metal concentrations that are several
orders of magnitude higher than those in the water column [359]. Therefore sediments can
form an enriched pool of metal contaminants that are potentially available for release to
porewaters and overlying waters and thus, uptake by benthic or demersal organisms.
Bioturbation alters the vertical redox profile within sediments and consequently
affects the biogeochemistry of contaminants, particularly for the important metal binding
phases of Fe, Mn and S, thus shifting the partitioning of various analytes between solid
(bound) and dissolved (porewater) phases. Sediment-bound contaminants are predominantly
associated with particle surfaces e.g. iron and manganese oxyhydroxides, organic matter and
sulfides [360, 361]. Changes in sediment redox conditions can directly affect the distribution
of contaminants. This is particularly important in the sub-oxic zone, where reductive
dissolution releases contaminants from authigenic iron(III) and manganese(IV) hydr(oxides)
into the dissolved phase. As discussed in previous chapters, reductive dissolution is
considered to be a key process that is closely linked to the solubility and mobility of many
redox sensitive species [130, 362]. Under the reducing conditions, within the anoxic zone, the
strong binding properties of sulfide phases control metal solubility and mobility as metals are
sorbed to FeS phases, or substituted with Fe to form other metal sulfides according to their
solubility.
The biological activity of benthic organisms (e.g. bioturbation) makes a significant
contribution to the cycling of contaminants within the sediment and overlying waters [363].
After remediation of contaminated sites, trophic levels become re-established and the
burrowing and feeding activities of colonising aquatic organisms result in sediment
disturbance. Burrowing can introduce oxygen rich waters to the sub-oxic and anoxic
sediments, thus establishing an oxic region around burrow walls, altering the vertical redox
profile of the sediments and contaminant partitioning [364-366]. Thus, it is well-established
that sediment bioturbation significantly changes analyte solubility, mobility and
bioavailability in aquatic systems [367, 368].
This study aims to evaluate the suitability of utilising Diffusive Gradients in Thin
films technique (DGT) and Diffusive Equilibrium in Thin Film (DET) techniques as a rapid
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in situ measure of bioturbation effects on analyte solubility and mobility in marine sediments.
The DGT-accumulated metal concentration has been determined to consist of free metal ions,
metal ions present as simple inorganic complexes and labile organic complexes [49, 369].
These metals represent the most bioavailable metals, and thus, DGT has the potential to
provide a good indication of the contaminants available to microorganisms, benthic
organisms and plants [17, 39, 45, 46, 291]. The experiment specifically investigated
bioturbation-induced changes to the redox sensitive elements Fe, Mn, As, Se, P and V in
marine sediments. Sediments were collected from a contaminated marine lake and a
relatively clean estuary (mangrove) and were equilibrated within the laboratory for 8 months.
Sediment flux and pore-water concentrations due to bioturbating marine bivalves were
compared to that of non-bioturbated control sediments. Laboratory assessments were
conducted on the performance of DGT probes containing ferrihydrite and Chelex-100
binding layers. DET probes were deployed simultaneously to reveal differences in DGTlabile and total dissolved species (<0.45μm) within sediments.

5.2 Materials and Methods

5.2.1 General methods
As per section 3.2.1 for all chemicals, plasticware and seawater.

5.2.2 DGT and DET preparation
The DET constrained probes and DGT sediment probes were prepared, assembled and
conditioned prior to deployment as per 4.2.2.1, 4.2.2.2 and 4.2.2.3.
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5.2.3 Sediment preparation and characterisation
Sediments (0-15 cm depth) were collected from a contaminated marine lake (Cockle
Bay, Lake Macquarie, NSW, Australia) and an estuarine mangrove (Minnamurra River
estuary, NSW, Australia). Each sediment was sieved (< 2 mm mesh) to remove debris and
larger organisms. Aliquots of each sediment were analysed for moisture (dried overnight at
110 oC), acid volatile sulfides (AVS, as per Simpson [370]), total organic carbon (TOC, via
Loss on Ignition (LOI) [371]) and simultaneously extracted metal (SEM) content [372] for
Fe, Mn, As, V and Se. Particle-size distribution for the < 2 mm sediments was measured by
laser diffraction (Mastersizer 2000, Malvern Instruments Ltd., Worcs., UK) to identify clays,
silts and sands (< 4, 4-63, and > 63-2000 µm, respectively).

5.2.4 Experimental design
Each sediment type was allocated to individual containers (8 cm radius x 20 cm depth,
with a 15 cm sediment depth); six mesocosms contained marine lake sediment and four
mesocosms contained estuarine mangrove sediment. Individual mesocosms were placed into
one of two large aquaria (40 x 40 x 55 cm3), one per sediment type. Sediments were aged
under laboratory conditions for 8 months, under clean, circulated, aerated overlying seawater
(< 0.2 µm filtered, refreshed weekly). Ten bivalves (Tellina deltoidalis) were placed into half
of the mesocosms 8 weeks prior to probe deployment to allow them to establish burrows. T.
deltoidalis is a deposit-feeding burrowing bivalve, feeding on particulate and organic material
from the sediment surface [373]. It is tolerant to a wide range of sediment types (sands and
silts), lives buried within the upper 10–20 cm [374], and is easily maintained under laboratory
conditions.
One DET and two DGT probes (one ferrihydrite and one Chelex) were placed into
each mesocosm, and, in addition, MetsorbTM probes were placed into one bioturbated and one
control mesocosm for each sediment type. Probes were deployed for 50 h, thoroughly rinsed
with Milli-Q water upon retrieval, and stored separately in clean plastic bags with 1-3 mL of
Milli-Q water at 4°C until analysis. The binding gels of the sediment probes were sliced at 2
and 4 mm resolution using a Teflon coated blade. DET gels were removed from the
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constrained probe recesses using an acid washed plastic pick. All gels were eluted and diluted
and prepared for analysis as previously described (Chapter 3, section 3.2.4 and 3.3.2).
For each batch of probes blank concentrations of each gel type were assessed. Gel
blanks were assembled into DGT probes, sliced, analysed under the same conditions as
deployed probes, and concentrations derived from the DGT equation (Eq. 3.1, section 3.1)
(Table 5.1). Blank concentrations were derived from the measured mass of analyte on the
blank gel layer using equation 3.1 and the variable parameters relevant to each deployed
probe, i.e. the deployment time, temperature, diffusion coefficient and combined thickness of
diffusive gel and filter membrane. A method detection limit (MDL) was calculated as three
times the standard deviation of the binding gel handling blank, and the limit of quantification
was determined as 10 times the standard deviation of the ICP-MS blank solution (10σ)
measured at intervals throughout an analysis run. Quality control standards were analysed at
regular intervals to monitor for signal drift. Analytical accuracy, verified by the use of blanks
and spiked recoveries, was within 10% of expected values.

Table 5.1. Gel blanks, method detection limit (MDL) and limit of quantification (LOQ) for
DGT- ferrihydrite and Chelex-100 binding gels, and DET equilibrium gel. MDLs were
calculated for the deployment conditions (50 h, diffusive thickness 0.091 cm (diffusive gel
and filter membrane) and sampling area 0.72 cm2). The LOQ was measured during the same
analysis as gel blanks.
DET
Analyte

As
Se
V
P
Fe
Mn
+

DET
gel
blank
µg/gel
1.7
1.9
3.9
150
240
9.3

Ferrihydrite

+

+

Chelex
+

MDL
DET
µg L-1

DGT-Fe
gel blank
ng

MDL
DGT-Fe
pg cm-2 s-1

DGT-Ch
gel blank
ng

MDL
DGT-Ch
pg cm-2 s-1

0.41
0.16
1.1
130
66
2.9

0.01
0.12
0.05
4.6
-

0.0001
0.001
0.0004
0.04
-

0.02
2.6
0. 11

0.0002
0.02
0.0009

++

LOQ
µg L-1

0.06
0.11
0.04
1.4
3.69
0.07

calculated using 3 x standard deviation of the binding gel handling blank (n=3)
10σ standard deviation of ICP-MS blank solution measured throughout an analysis run (n=6)

++
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Analytes were quantified by Octopole Reaction Cell – Inductively Coupled Plasma –
Mass Spectrometer (ORC-ICP-MS, Agilent 7500ce) utilising standard and collision/reaction
gas modes where applicable. Analytical standards for ICP-MS analysis were prepared in 0.32
M Baseline HNO3 (Seastar™ Chemicals Inc., Canada) using a multi-element standard (IVICPMS-71D, Inorganic Ventures, Christiansburg, VA, USA).

5.3 Results and Discussion

5.3.1 Sediment physico-chemical properties
Two types of marine sediment were used in this study, marine lake sediment which is
anthropogenically contaminated with urban and industrial contributions (including a zinc/lead
smelter and coal-fired power station) and estuarine mangrove sediment from an urbanised
estuary subject to minor anthropogenic contamination. The chemical assessment of these
sediments supports the expected level of contamination, with the concentrations of
simultaneously extracted metal (SEM) analytes in the marine lake sediments being
approximately double those of the estuarine mangrove sediment (Table 5.2). Other than this,
the sediments were very similar in pH, organic carbon content (6.4% and 5.2% in the marine
lake and estuarine mangrove sediments, respectively), AVS, and particle size distribution
(proportion fine particles, as clay + silt, between 45-55%). Both sediment types are
dominated by iron with relatively low concentrations of sulfide, however there is sufficient
sulfide present to bind most other metal contaminants with lower solubility constants than
FeS, e.g. zinc, lead, cobalt and cadmium.
It is well established that reduction and oxidation processes have a significant effect
on the chemical composition of porewaters in sediments [359, 375]. These redox processes
are typically stratified by depth in undisturbed sediments [228, 376]. In this study,
concentration-depth profiles of analytes within sediments were demarcated into three regions
based on redox zones in undisturbed (non-bioturbated) sediments: the sediment-water
interface (SWI) and surficial sediment (oxic) region; the Fe(III), Mn(IV) reduction (suboxic)
region; and the sulfate reducing (anoxic) region. The approximate depths demarcating these
regions in each sediment type (marine lake and estuarine mangrove) were determined from
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Mn(II) and Fe(II) concentration profiles (Figure 5.1a) in the control-unbioturbated sediments,
as previously done by Stockdale et al. [344] and also done in Chapter 4.
In the oxic region, both Fe and Mn are present as oxidised species (solid), and not in
the dissolved phase. In the marine lake and estuarine mangrove sediments this occurred
above a sediment depth of -2 mm. As the redox potential within the sediment decreases,
Mn(IV) then Fe(III) are reduced to soluble forms, and thus appear within the dissolved phase
as Mn(II) and Fe(II); this is assumed to approximate the beginning of the suboxic region. The
suboxic region, as denoted by increased DGT-labile Fe and Mn (Figure 5.1a, Table 5.3) was
identified below -2 mm for both sediment types. The suboxic depth estimation was validated
by comparing the Fe and Mn profiles with redox sensitive As concentration profiles (as DGT
Chelex-labile As(III), and DGT-ferrihydrite-labile As(V)+(III)).

Table 5.2 Physico-chemical properties of the marine lake and estuarine mangrove sediments
(based on dry sediment mass, mean ± SE, n>9) which were sieved <2 mm and aged for 8
months.
Marine
Lake

Estuarine
Mangrove

7.6 - 8.0

7.6 - 8.0

Particle size (%)1
< 4; 4 – 63; >63 - 2000 µm

11; 44; 45

5; 40; 55

AVS2 (µmol/g)

5.6 ± 0.3

6.5 ± 0.5

Organic Carbon (%)

6.44 ± 0.06

5.2 ± 0.2

Carbonates (%)

4.65 ± 0.05

4.7 ± 0.2

pH

Simultaneously Extracted
Metals (mg/kg)
Fe
Mn
As
Se
V
Total SEM/AVS ratio3

SEM/AVS
SEM/AVS
mol ratio
mol ratio
4600± 470
15 ± 1
2400± 140
6.7 ± 0.4
20 ± 3
0.07 ± 0.01
11 ± 1
0.030 ± 0.002
0.54 ± 0.02 0.0013 ± 0.0001 0.30 ± 0.06 0.0006 ± 0.0001
0.19 ± 0.09 0.0004 ± 0.0002 0.06 ± 0.02 0.00011 ± 0.00004
24 ± 6
0.09 ± 0.02
12 ± 1
0.039 ± 0.002
15 ± 2

6.8 ± 0.4

1

% of bulk sediment (< 2 mm sieved); 2AVS: acid volatile sulfide; 3Total SEM includes Fe, Mn, As, Se V and
also Cr, Ni, Cu, Zn, Cd, Pb and U.
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1

2

1
2
3
4
5

Figure 5.1. Sediment flux profiles of (a) DGT Chelex-labile Fe(II) and Mn(II) and (b)
DGT-Chelex labile As(III) and DGT-ferrihydrite labile As(V)/(III) in marine lake
sediment (depicted for control-unbioturbated mesocosm) identifying the region of
Fe(III) and Mn(IV) reduction, -2 to -36 mm in depth. Area of uncertainty between
regions is denoted by .

Table 5.3. Depth regions for the marine lake and estuarine mangrove sediments, estimated
from the manganese and iron concentration gradients identified in the DGT-labile profiles in
the control, non-bioturbated sediments (based on Figure 5.1).
Redox
region
Oxic/SWI
Suboxic
Anoxic

Depth region (mm)
Marine lake
Estuarine mangrove
+4 to -2
-2 to -36
-36 to -76

+4 to -2
-2 to -32
-32 to -60
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Congruent peaks in As, Fe and Mn porewater profiles occur because the release of As
to the porewaters from the solid phase is driven by the reductive dissolution of Fe and Mn
(oxy)hydroxides within sediments [377] (Figure 5.1b). The anoxic region is depicted by a
further decrease in redox potential that results in the reduction of sulfate species to sulfides.
Sulfides have a strong affinity for dissolved cations, forming metal sulfides [378] which are
generally insoluble. However, manganese sulfides are markedly more soluble than iron
sulfides (at 25 oC, the log Ks is 0.17 for MnS (green) and -2.95 for amorphous FeS [228]).
Therefore in the marine lake and estuarine mangrove sediments the anoxic region is depicted
by a decrease in DGT-labile Fe, which occurred below a sediment depth of -36 and -32 mm,
respectively.

5.3.2 Effects of bioturbation on analyte fluxes and porewater concentration
In this study the DGT concentrations refer to the dissolved, labile species of the
analytes and are time-integrated values for the 50 h deployment. Labile species sorbed to
larger organic molecules within the dissolved phase (porewater) are expected to be excluded
from DGT measurements (binding gel) due to the pore size within the diffusive layer. The
DET measurement of dissolved concentrations in porewaters includes species that are not
measured by DGT, i.e. colloidal forms, <0.45μm, and non-labile complexes, as the DET gel
is only protected by a filter membrane and the agarose gel pore size is larger than that of the
standard APA diffusive gel [262].
These marine lake and estuarine mangrove sediments were sieved and homogenised
prior to aging. A darkening and blackening of both sediment types with depth was visually
observed, indicative of sulfate reduction. The reproducibility of the analyte concentrations
and flux data obtained from DET and DGT probes deployed in the unbioturbated sediments
showed good agreement between replicate sediments. For example, the average variations for
arsenic in the unbioturbated marine lake sediments were 17% for DET, 11% for DGTFerrihydrite and 16% for DGT-Chelex.
The mobility of a contaminant within the sediment porewaters, and thus its
bioavailability and toxicity, are directly affected by its chemical form and oxidation state.
The activity of bioturbating organisms will alter sediment biogeochemistry affecting
contaminant mobility. Within this study, habitation of the sediments by burrowing bivalves
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resulted in the creation of burrows and bioirrigation (exchange with the overlying waters)
within deeper sediment. These burrows produce structural changes within the sediment
resulting in a variation in flux rates within porewaters as diffusional paths are shortened.
Burrow abundance, size and depth will all influence the chemical cycling within the
sediment, and thus, equal numbers of individuals were placed into each mesocosm. During
the study, the removal of sediment from burrows to surface areas was observed indicating
translocation, particulate ingestion and excretion. These factors contribute to the greater
variability between replicate probes observed in the DGT-flux and DET-porewater
concentration data from bioturbated sediments, as the proximity of the inserted probe to
burrows and bivalves.
The aim of this study was to evaluate the ability of DGT to identify bioturbationinduced changes in the lability of arsenic, selenium, phosphate and vanadium in marine
sediments. To achieve this, the porewater concentration (DET-labile) and sediment flux
(DGT-labile) of analytes in bioturbated sediments was compared with the unbioturbated
control sediments across the three regions, SWI and oxic, suboxic and anoxic for each of the
sediments. This comparison is represented graphically (Figure 5.2 and 5.6) in which the
difference, as a result of bioturbation, in the mean flux or porewater concentration for each
operationally defined redox zone was calculated (e.g. flux bioturbated - flux control).
Bioturbating bivalves disturb the sediment and thus alter the regions (redox zones) that are
clearly demarcated in undisturbed (control) sediments. This allows the impact of bioturbation
on analyte mobility to be quantified. The results for each analyte are given as an increase or
decrease relative to the unbioturbated sediments, and from this data bioturbation induced
changes in sediment porewater flux and concentration were quantified for DGT- and DETlabile species. Ferrihydrite-DGT is selective for and measured total inorganic arsenic (As(V)
and As(III)), Se(IV), VO43- and PO43-; Chelex-DGT selectively binds metal cations and was
used to measure Fe(II) and Mn(II); DET measured total dissolved species ( <0.45µm) of each
analyte.
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5.3.3 Marine lake sediment
For Fe(II) and dissolved iron in the oxic zone, concentration changes due to
bioturbation were very small and in opposing direction (Figure 5.2a). Cycling of Fe(II) to
oxidised particulate Fe is known to be rapid under oxic conditions [141] and results for the
oxic zone indicated that overall iron biogeochemistry was likely to be largely unchanged. The
bioturbation induced variation in both Fe(II) and dissolved iron measurements occurred at the
transition from the sub-oxic to anoxic zone (Figure 5.3a and 5.5a). More substantial and
similar changes for dissolved iron and Fe(II) were observed at shallower depths within the
sub-oxic zone with lower iron concentrations mobilised down to about 30 cm depth.
Increased rates of diffusion and bioirrigation in this zone would allow higher concentrations
of dissolved oxygen to penetrate into the sub-oxic zone and to react with mobilised Fe(II).
Activities such as burrowing, porewater displacement and particle mixing would introduce
oxygen into the anoxic region, and the increase for Fe(II) may be due to oxidation releasing
iron from iron-sulfide minerals prior to the oxidation of Fe(II) to Fe(III) under more oxic
conditions higher in the sediment. Bioturbation had little overall effect on the dissolved iron
measurement within the anoxic zone, but a substantial difference was observed for the DGT
measurement of Fe(II); the control concentration decreased with depth while the sediments
with bioturbating organisms increased with depth from the Fe(II) maxima, indicating that
during the deployment Fe(II) was remobilised at depth and was labile for sufficient time to be
measured by DGT. Under the reducing conditions of the anoxic region mobilised Fe(II)
would be expected to re-form as iron sulfides. If the anoxic region had been sufficiently
oxidized for precipitation of iron(III) oxides to also occur, the re-establishment of anoxic
conditions would remobilise Fe(II) through reductive dissolution followed by the consequent
reformation of iron-sulfides. The increase in anoxic region of DGT-Chelex labile Fe(II) is a
time-integrated result due to continual uptake for the duration of the 50 h deployment. The
lower and more variable increase seen for DET-labile total dissolved Fe is congruent with the
dynamic, highly reducing nature of this region of the sediment, as results from the DET probe
are indicative of conditions for the latter part of the deployment (<24 h). The results seen here
in the suboxic and anoxic regions are consistent with the transient release observed under
oxidizing and reducing conditions by Naylor et al. [379].
The changes in the Mn(II) profiles differ from those of Fe(II). There is very little
difference in the dissolved manganese measured by DET, although Figure 5.2b indicates a
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slight decrease with bioturbation within each biogeochemical zone. For DGT measurements
of Mn(II) the concentrations decreased with depth in bioturbated sediments, with increasing
variability with depth between replicates (Figure 5.5b). Lower Mn(II) concentrations in the
sub-oxic zone were also likely due to the penetration of dissolved oxygen as a result of
bioturbating organisms. The small maxima in DGT-Chelex labile Mn(II) concentration at
approximately 15 cm depth may signify the reaction of Fe(II) with Mn(IV) hydr(oxides),
mobilising Mn(II) [375]. In the anoxic (sulfate reducing) region, this large decrease for
Mn(II) is coupled to a large increase in Fe(II). H2S and Fe(II) have been observed to reduce
manganese oxides to soluble Mn(II), therefore a decrease in Fe(II) before Mn(II) was
expected to be observed [346]. Carbonate and sulfide complexation are important processes
responsible for Mn(II) and Fe(II) removal from the dissolved phase.
It is likely that there has been increased rates of organic matter burial within the
anoxic region in the presence of bioturbating organsisms that has led to increased rates of
microbial respiration and production of alkalinity. This in turn may have led to increased
precipitation of manganese carbonates, which occurs higher in the sediment than Fe(II)
carbonate. MnCO3 precipitation may have occurred within the DET devices to some extent so
that Mn(II) depletion was not apparent with this measurement. The DET measurements of
dissolved Mn for the anoxic zone were very similar whilst concentrations for Mn(II)
decreased. This suggests that the rate of cycling between solid and dissolved phases allows
for uptake by DGT during the deployment but the overall change by the end of the
deployment is negligible. It is also possible that another Mn species was contributing to the
DET measurement. Results here clearly show that bioturbation processes induce complex
changes and are not easily predicted based on a theoretical understanding of geochemical
processes.

111

Figure 5.2. Marine lake sediment with high level natural contamination - bioturbation induced
variations in DGT-flux and DET total dissolved porewater concentrations of Fe (a), Mn (b), P (c), V
(d), As (e), and Se (f) , determined for oxic (+4 to -2 mm), suboxic (-2 to -36 mm) and anoxic regions
(-36 to -76 mm). These represent the mean difference (mesocosms with bivalves minus mesocosms
without bivalves (control)) ± standard error (n=3), data from figures 5.3-5.5
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a)

b)

c)

d)

e)

f)

Figure 5.3 (a – d). Contaminated marine lake sediments - concentration profiles of DETlabile analytes, Fe (a), Mn (b), P (c), As (d), Se (e) and V (f), deployed for 50 h in mesocosms.
These represent the mean ± standard error (n=3).
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a)

b)

c)

d)

Figure 5.4 (a – d). Contaminated marine lake sediments - flux profiles of DGT-ferrihydrite
labile analytes, total inorganic arsenic (As(V) + (III)) (a), Se(IV) (b), PO43- measured as P (c)
and V(V) (d), deployed for 50 h in mesocosms. These represent the mean ± standard error
(n=3).
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a)

b)

c)

Figure 5.5 (a – c). Contaminated marine lake sediments - flux profiles of DGT-Chelex labile
analytes, Fe(II) (a), Mn(II) (b) and As(III) (c), deployed for 50 h in mesocosms. These
represent the mean ± standard error (n=3).
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In the SWI/oxic region of the marine lake sediment there was very little bioturbationinduced change in the concentration of dissolved phosphorus and flux of DGT-labile
orthophosphate (Figure 5.2c), however, their mobility substantially increased by a similar
order of magnitude in the suboxic region. The increase in DGT-labile orthophosphate is
coincident with a decrease in Fe(II) and dissolved iron. Typically dissolved orthophosphate
concentrations increase in the suboxic zones of sediment with the reduction of iron(III)
oxyhydroxides, and is thus coupled with Fe(II) mobilisation [380]. However, in this study it
was observed that in bioturbated sediments the remobilisation of dissolved orthophosphate
occurred higher in the sediment than Fe(II) (Figure 5.4c and Figure 5.5a). It is possible that
there were localised regions of dissolved orthophosphate originating from faecal matter or
phosphate liberation during tissue decay due to a dead bivalve.
For DET-labile dissolved P there is a strong maxima in the sub-oxic region,
coincident with the maxima for DET-labile dissolved iron and DGT-labile Fe(II). The DET
profile is quite different compared to that of DGT-labile P. This difference could signify a
change in the biogeochemistry of P over the 50 h deployment period, with DET most
representative of the conditions of the final hours of deployment while DGT measurements
represent an average taken over the entire 50 h. The difference in the DET and DGT profiles
may also be due to a greater amount of dissolved P being DET-labile. DGT is selective for
dissolved orthophosphate but soluble forms of P measuring <0.45 µm (soluble reactive P and
soluble unreactive P), would be DET-labile [381].
A low stoichiometric ratio for dissolved Fe to P in anoxic porewaters will affect
phosphate-iron oxyhydroxides adsorption upon a change to oxic conditions [382]. For the
unbioturbated estuarine mangrove sediments the flux ratio of labile orthophosphate to Fe(II)
was 12:1 in the suboxic region and 25:1 in the anoxic region. In comparison, for the
unbioturbated marine lake sediment the ratio was only 2:1 in the suboxic region and 6:1 in
the anoxic region. The SEM values for Fe in Table 5.2 support this with estuarine mangrove
sediments containing approximately half the concentration of SEM-Fe compared to marine
lake. A lower ratio of iron in estuarine mangrove sediments may account for the
orthophosphate remaining dissolved in solution after the bioturbation-induced change from
anoxic to oxic conditions. Bioturbation induced changes in dissolved P and labile
orthophosphate was synchronous in the oxic and suboxic regions, however, this was not the
case in the anoxic region. The concentration of dissolved P showed an increase (with high
variability) and the flux of orthophosphate showed an overall decrease.
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The effect of bioturbation on dissolved vanadium in the oxic region is negligible, but
with high variability, whilst for V(V) there was a marked decrease (Figure 5.2d and 5.4d). As
DGT-ferrihydrite is selective for the oxidised V(V) species, it is likely that the decrease in
V(V) was due to reduction or sorbtion within this region, rendering it non-DGT-labile. In the
suboxic and anoxic regions, bioturbation effects are negligible for V(V), however there is an
increase of dissolved vanadium in the suboxic zone. This implies that any mobilised
vanadium in the suboxic region is not V(V). A slight decrease was apparent in the anoxic
zone but this does not appear to be significant.
Bioturbation induced an increase, although highly variable, in total dissolved As
across all three sediment regions (Figure 5.2e and 5.3d), with the largest increase in the
suboxic region. The oxic and suboxic regions of the sediment showed a small but variable
change in inorganic As (total V+III) (ferrihydrite labile) and a large decrease in As(III)
(Chelex-labile). In the suboxic zone this As(III) decrease was coupled to decreasing Fe(II)
and Mn(II) (Figure 5.2a and b, Figure 5.5 a and c). This suggests an increase in insoluble Fe
and Mn hydroxides in the presence of bioturbating organisms which may be adsorbing
As(III) thereby decreasing porewater concentrations.
Sediment conditions that favour the remobilisation of iron would be expected to also
favour increased mobility of As and Se (i.e. alkaline pH, oxidising conditions and for Se the
presence of high concentrations of co-adsorbing anions [143, 204]). In the anoxic region,
bioturbation induced variation in As(III) was negligible but there was an increase in both As
(total V+III) and total dissolved As. Possible explanations for the difference in DGT-Chelex
labile As(III) and DGT-ferrihydrite labile total inorganic As include that As(III) is not the
only form of arsenic species released during bioturbation. Research by Osterlund et al.
demonstrated that DGT-ferrihydrite is also selective for organic arsenic forms [383]. In
addition to this it is also possible that bioturbation has caused a localised decrease in pH (due
to iron sulfide oxidation) thus decreasing the proportion of As(III) species available to bind to
Chelex. The affinity of As for Chelex is pH dependent, and Chelex will only bind H2AsO3
[50]. At pH 8, H2AsO3 comprises approximately 8% of the total inorganic arsenic species
present [3], and as long as the pH is known, the Chelex-labile As value can be extrapolated to
estimate the overall As(III) concentration. However, oxidation of sulfide and metals can
result in a localised lowering of pH [384]. A decrease in pH of 0.1 in bioturbated compared to
unbioturbated sediments would result in a decrease of Chelex labile As(III) of approximately
0.012 pg cm2 s-1. An overall localised decrease of ~pH 0.3 would be sufficient to account for
the disparity in DGT-ferrihydrite labile and DGT-Chelex labile As in the anoxic region.
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The marine lake sediment was highly contaminated with selenium. Selenium
remobilised into sediment porewaters is rapidly reduced to elemental forms under the
geochemical conditions found in anoxic sediments [5]. Porewater concentrations of Se are
frequently very low throughout the oxic, suboxic and anoxic regions with selenium
predominantly found as elemental Se or Se associated with organic matter [385]. Resupply of
labile selenite and selenate from the solid phase is anticipated when reduced selenium species
are oxidised [208] or due to degradation of organic matter [32]. Although Se is a redox
sensitive element, changes in redox conditions in sediments do not remobilise Se to the same
extent as As, Fe or Mn. However, DET and DGT high-resolution porewater profiles for Se
from this study (DET Figure 5.3e and DGT Figure 5.4b) show discrete peaks indicting
localised remobilisation. Bioturbation has induced an overall increase of DGT labile Se(IV)
and total dissolved Se throughout all regions, however, these have the greatest variability in
the oxic region (Figure 5.2f). This increased Se-lability is consistent with our previous
sediment spiking study (Chapter 4) and with the increased Se mobility observed in Kesterson
Reservoir sediments [209], where Se(-II) and Se0 to Se(IV) were oxidised immediately after
the oxidation of iron.

5.3.4 Estuarine mangrove sediment
The marine lake and estuarine mangrove sediments were very similar in pH, organic
carbon content, AVS, and particle size distribution (Table 5.2) but due to the much higher
levels of contamination the SEM/AVS molar ratio for the marine lake sediment was twice
that of the estuarine mangrove sediment. The SEM/AVS molar ratios are an indicator of the
quantity of metals present in the sediment pore-water therefore with a large difference in
SEM/AVS molar ratios differences between the two sediment types in the porewater
mobilisation of analytes are expected.
In the suboxic region bioturbation appreciably increased both labile Mn(II) and Fe(II)
and total dissolved Mn and Fe. Bioturbation and irrigation may facilitate the transport of
soluble reduced iron and particulate iron sulfides to more oxic regions. The increased flux in
the suboxic region may be a result of Fe(II) and Mn(II) dissolved in the porewaters adsorbing
to sediment particle surfaces which were transported upwards within the sediment. In the oxic
regions of sediment, both at the sediment surface and in irrigated bivalve burrows, desorption
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can occur more rapidly than oxidation [367], increasing the concentrations of labile species.
Release of Fe(II) and Mn(II) may also occur from sulfides due to oxidation and diffusion
upwards through the porewaters. The variation in concentration of dissolved iron and Fe(II)
due to bioturbation in the oxic and suboxic regions follow the same trends which implies that
the total dissolved iron contains a large portion of Fe(II). In the anoxic region although there
was a large increase in total dissolved iron, there is little variability for Fe(II), suggesting that
the dissolved fraction in this region contains a substantial non-Fe(II) fraction, e.g. soluble
Fe(III), fulvic or humic compounds. This interpretation is supported by Sobolev & Roden
[386] who presented evidence for the formation of soluble or colloidal Fe(III) compounds
during the biological oxidation of Fe(II).
The decrease in porewater Fe(II) and total dissolved iron in the suboxic region would
support oxidation of Fe(II) to insoluble Fe(III). In the SWI and oxic region of the sediment,
bioturbation decreased both Fe(II) and total dissolved iron (Figure 5.6a) whilst for manganese,
there was an increase in Mn(II) and total dissolved Mn (Figure 5.6b). As the oxidation
kinetics of Fe(II) are relatively rapid compared to Mn(II) [228], the iron that is reduced to
Fe(II) in the porewaters, may diffuse to the overlying waters and be reoxidised in the oxic
region near the SWI. This Fe(III) is no longer available in the porewaters. After reduction of
Mn oxides and diffusion of Mn(II) to overlying waters the slower oxidation kinetics would
increase the residence time of Mn(II) in the oxic region and result in a measurable increase in
both the time integrated flux and porewater concentration (Figure 5.6b).
For DGT-labile orthophosphate, bioturbation induced an increased flux in all regions, and
this flux increased with depth (Figure 5.6c), which is relatively consistent with trends
observed in the marine lake sediments.

Bioturbation decreased dissolved phosphorus

concentrations in SWI and oxic region, but increased in both the suboxic and anoxic regions,
with a congruent relationship between dissolved P and labile PO43-. Increased orthophosphate
correlates with increased porewater concentrations of Fe(II), as discussed in marine lake
sediments, however, this trend is not consistent in the anoxic region (revealing decreased
dissolved Fe(II)) as the Fe(II) in solution is likely to form iron-sulfide minerals and thus is no
longer DGT-labile.
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Figure. 5.6. Estuarine mangrove sediment with low level natural contamination - bioturbation
induced variations in DGT-flux and DET total dissolved porewater concentrations of Fe (a), Mn (b), P
(c), V (d), As (e), and Se (f) , determined for oxic (+4 to -2 mm), suboxic (-2 to -32 mm) and anoxic
regions (-32 to -60 mm). These represent the mean difference (mesocosms with bivalves minus
mesocosms without bivalves (control)) ± standard error (n=2), data from figures 5.7-5.9
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a)

b)

c)

d)

e)

f)

Figure 5.7. Naturally contaminated estuarine mangrove sediments - concentration profiles of
DET-labile analytes, Fe (a), Mn (b), P (c), As (d), Se (e) and V (f), deployed for 50 h in
mesocosms. These represent the mean ± standard error (n=2).
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a)

b)

c)

d)

Figure 5.8 (a – d). Naturally contaminated estuarine mangrove sediments - flux profiles of
DGT-ferrihydrite labile analytes, total inorganic arsenic (As(V)/(III)) (a), Se(IV) (b),
orthophosphate measured as P (c) and V(V), deployed for 50 h in mesocosms. These
represent the mean ± standard error (n=2).
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a)

b)

c)

d)

Figure. 5.9 (a – d). Naturally contaminated estuarine mangrove sediments – flux profiles of
DGT-Chelex labile analytes, Fe(II) (a), Mn(II) (b), As(III) (c) and V(III) (d), deployed for 50
h in mesocosms. These represent the mean ± standard error (n=2).
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Bioturbation has caused mobilisation of vanadium from the solid phase resulting in
increased porewater V(V) (oxidised species) in the SWI and oxic region, however dissolved
vanadium concentrations decreased in this region (Figure 5.6d). The presence of the oxidised
species V(V) is negligible in the lower sediment regions. Despite low solubility of V(III), an
increase in porewater concentrations for V(III) was observed (using DGT-Chelex) in both the
suboxic and anoxic regions in addition to an increase with depth for total dissolved vanadium.
The average flux for V(V) in the sub-oxic zone increases upwards from a depth of
approximately 20 mm (Figure 5.6d and 5.8d). The oxidised V(V) species is present in the
porewaters in the upper reaches of the sediment i.e. a less reducing environment, and the high
resolution profiles suggest that V(V) diffuses upwards and across the sediment water
interface.
For As and V(V) the high resolution profiles (Figure 5.8 a and b) indicated steep
concentration gradients across the sediment-water interface. The transport of chemical
species across the sediment-water interface is due to a combination of diffusional migration
within porewaters along concentration gradients and advective processes. Although As(III),
Mn(II) and Fe(II) all show a bioturbation-induced increase in the suboxic region, in the oxic
and anoxic regions the trends for Mn(II) do not correlate with those for Fe(II) and As(III).
The bioturbation-induced changes in the oxic and suboxic regions showed a close correlation
in the mobility of Fe(II) and As(III) (Figure 5.6a and e). Like Fe(II), As(III) has more rapid
oxidation kinetics than Mn(II), and the As(III) decrease in the oxic region was likely due to
oxidation of As(III) to As(V). This is consistent with the simultaneous increased flux for
DGT-ferrihydrite labile arsenic, as ferrihydrite can adsorb both As(III) and As(V), and the
small increase for total dissolved As species indicates that the variation between the two
binding layers is based on arsenic species selectivity of Chelex (As(III) only). For the anoxic
region there was an overall increase in both As(III) and total dissolved As but there was a
decrease in total labile As (As(III)+As(V)). The solubility of AsS(s) and As2S3(s) is much
higher than FeS(s), thus arsenic would not be removed from solution by the formation of
arsenic-sulfide minerals in the presence of an excess of iron, which is evident from the
bioturbation induced increase in iron in the anoxic region. Deeper in the sediment metal
release from decomposition processes of organic material due to the presence of localised
sources (e.g. microniches) can result in steep lateral concentration gradients [366, 387]
For Se there was a bioturbation-induced increase in DGT-labile Se in SWI and oxic
and suboxic regions of the sediment (Figure 5.6f). Although primarily seen as discrete peaks
in the high resolution profiles (Figure 5.7e (DET) and 5.8b (DGT-ferrihydrite)) the intensity
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and number of discrete Se peaks increased in bioturbated sediments giving an overall
increase in the suboxic region. The trends for total dissolved Se do not mirror those for DGTlabile Se in the SWI/oxic and anoxic regions. The DGT measurements are time-averaged
over the entire deployment period, thus Se that is oxidised to a DGT-labile form at any time
over the deployment period (50 h) will have had the chance to adsorb to the binding layer.
In contrast, DET measures an equilibrium concentration at the end of the deployment.
Although Se may remobilise due to bioturbation or diffuse through porewaters to the
SWI/oxic region, Se that reduces to elemental forms during the course of the deployment will
no longer be DET labile at the time the probe is removed. In the anoxic region the disparity
between total dissolved Se and DGT labile Se(IV) trends could be due to the greater number
of selenium species available to DET (able to pass through the 0.45 µm filter membrane) in
this region, i.e. Se bound to dissolved organic compounds (e.g., fulvics or humics), or organic
forms of Se.
Overall there were marked differences between measurements of DET total dissolved
and DGT labile Se(IV), V(V) and orthophosphate within each sediment type.

In the

populated sediments the effect of bioturbation can increase sediment homogeneity due to the
translocation of matter by burrowing infauna. Previous bioturbation studies have shown that
microniches are frequently observed under these conditions [365, 367] which would explain
some of the discrete maxima observed on individual profiles.
By comparing the differing trends between the simultaneously deployed DET
(equilibrated with porewaters) and DGT (time-integrated flux measurement) in the sediments,
it was possible to observe the occurrence of analyte species cycling and re-sequestration
occurring during the term of the deployment, identifying differences in analyte solubility and
mobility between control and bioturbated sediments and also between the sediment types.
Simultaneous measurement of concentrations can also highlight the close relationship in
sediment chemistry for certain elements, e.g. Fe(II) and As(III).
The estuarine mangrove and marine lake sediments were physically and chemically
similar, except the estuarine mangrove sediments contained approximately half the
concentration of weak acid extractable analytes (Table 5.2). Interestingly there were several
marked differences in the effects of bioturbation on analyte fluxes and porewater
concentrations, which is most likely due to the proximity of the probes to the bivalve burrows.
The most notable differences were the trends for DGT labile Fe(II) and Mn(II) and total
dissolved Fe and Mn between the two sediment types, with the only correlating behaviour
being for total dissolved Fe in the oxic and anoxic regions. Whilst the behaviour of total
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dissolved As was similar in all three sediment regions for the marine lake and estuarine
mangrove sediments, there were differences in total inorganic As. These differences are
readily linked to bioturbation induced oxidation of sediments in the suboxic zone of the
control sediments.

5.3.5 Comparison of As(III), Fe(II) and Mn(II) data
In early diagenesis, As cycling is typically closely linked to that of Fe and to a lesser
extent Mn [3, 242, 377]. In the oxic region of the sediment Fe and Mn form insoluble
precipitates, oxides and hydroxides, and As adsorbs to solid-phase oxides. Mobilisation of As
occurs through reductive dissolution Fe and Mn oxides whilst deeper in the sediment, under
more reducing conditions and where Fe is not significantly in excess, dissolved As can
precipitate forming insoluble sulfides [246].
The sediment flux data for As(III), Fe(II) and Mn(II) was analysed for statistical
correlation specific to the demarcated sediment regions in both estuarine mangrove and
marine lake sediments (Table 5.4 and 5.5, respectively). In the oxic region of the sediments,
the statistical correlation between As(III) and Fe(II) was only significant in the bioturbated
marine lake sediment. Here it was strongly negatively correlated, likely due to the more rapid
oxidative precipitation of Fe(II) compared to As(III). For the operationally defined suboxic
region, a strong positive correlation was seen for both sediment types. The As(III):Fe(II)
correlation increased in the bioturbated compared to non-bioturbated control for estuarine
mangrove sediment but for marine lake the positive correlation showed little difference.

Table 5.4. Correlation (Pearson's correlation coefficient, r) of DGT-flux averaged
measurements in estuarine mangrove sediment for As(III):Fe(II) and As(III):Mn(II) for depth
regions of the bioturbated and control mesocosms.
Redox
Region
Oxic
Suboxic
Anoxic

Bioturbated
As(III):Fe(II) As(III):Mn(II)
0.14
0.94
0.57

0.16
-0.81
0.56

Control
As(III):Fe(II) As(III):Mn(II)
-0.23
0.81
-0.03

0.15
-0.61
0.77
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Table 5.5. Correlation (Pearson's correlation coefficient, r) of DGT-flux averaged
measurements in marine lake sediment for As(III):Fe(II) and As(III):Mn(II) for depth regions
of the bioturbated and control mesocosms.
Redox
Region
Oxic
Suboxic
Anoxic

Bioturbated
As(III):Fe(II) As(III):Mn(II)
-0.88
0.77
-0.57

0.20
0.25
-0.73

Control
As(III):Fe(II) As(III):Mn(II)
-0.03
0.74
0.95

-0.30
0.30
-0.91

For both sediment types in the anoxic region there is a large disparity in the
As(III):Fe(II) correlation between bioturbated and control sediments. For the estuarine
mangrove control sediment, As(III):Fe(II) correlation is insignificant in the anoxic region,
likely due to the variation in the effects of sulfide on the porewater chemistry of As(III) and
Fe(II) [246]. However, the activities of the benthic infauna have considerably altered the
conditions in the bioturbated anoxic region to a moderately positive As(III):Fe(II) correlation.
For anoxic region in the marine lake sediment, the control exhibits a strong positive
correlation between As(III):Fe(II). This is significantly altered in the bioturbated sediment to
a moderate negative correlation. The strong positive correlations between the sediment flux
of Fe(II) and As(III) in the suboxic regions in both sediment types can be attributed to the
reductive dissolution of Fe(III) oxides and release of adsorbed species.
For sediments where labile arsenic is present in the sediment porewaters of the anoxic
region a negative or very low correlation between As(III) and Fe(II) would be expected as
iron would preferentially form insoluble sulfide minerals [246]. The variation in the sediment
flux of Chelex-labile Fe(II) was very low (Figure 5.3a) therefore the shift from negligible to
moderate correlation for As(III):Fe(II) in the anoxic region of the estuarine mangrove
sediment is a result of an increase in the sediment flux of As(III). This suggests rapid cycling
between mineral and soluble phases for Fe(II) whilst the residence time for remobilised
As(III) in the porewaters is measurably greater.
As(III):Mn(II) correlation data for the estuarine sediment differed between sediment
regions, showing strong negative correlation in the suboxic and strong positive correlation in
the anoxic region. Aside from a shift to greater negative correlation in the bioturbated
suboxic region, results did not show a great variation between the control and bioturbated
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sediments. For the marine lake sediment, As(III):Mn(II) correlation again differed between
sediment regions, and was of low significance in the oxic and suboxic regions. In the anoxic
region, a bioturbation induced shift to a weaker negative correlation was observed for
As(III):Mn(II).
The role of Mn oxides in arsenic sorption is still uncertain. They have been shown to
act as a sorbent of As in soils and sediments [388], however recent work suggests that they
act as a temporary sorbent, with the primary role of Mn oxides as strong oxidants effecting
the oxidation of As(III) to As(V) which strongly adsorbs to Fe oxides [389]. As Mn has a less
direct role compared to Fe in the cycling of As in the oxic and suboxic regions of the
sediment a lower correlation between As(III):Mn(II) would be expected compared to
As(III):Fe(II). The correlation results for both of the oxic and suboxic regions in the marine
lake sediment support this whislt in the estuarine mangrove sediment, in both the control and
bioturbated, As(III):Mn(II) is highly negatively correlated compared to As(III):Fe(II) highly
positively correlated.
The presence of bioturbating species did not significantly alter the As(III):Fe(II) and
As(III):Mn(II) correlation data within the suboxic region compared to control sediments. For
As(III):Fe(II), a significant variation between bioturbated and control sediments was seen in
the anoxic region of both sediment types and for As(III):Mn(II) a moderate variation.

5.4 Conclusion
The DGT and DET techniques were sensitive to both major and minor effects on
analyte mobilisation due to bioturbation in marine sediment porewaters. As porewater is a
sensitive indicator of the changes within the bulk sediment, simultaneous analysis of analyte
species in porewater solutes was able to provide information on redox conditions and
associated solute mobility. The use of the metal selective Chelex-100 for Fe(II), Mn(II) and
As(III) and oxyanion selective ferrihydrite binding layer for total inorganic As, Se(IV), V(V)
and orthophosphate, was able to provide species specific measurements with which to
evaluate the relationship between solute availability, speciation and biogeochemical cycling.
In the non-bioturbated control sediments for both marine lake and estuarine mangrove
sediments, replicate DET and DGT probes showed good agreement, supporting their use as a
reliable base measurement from which to measure the effects of bioturbation. Here it was
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illustrated how the redox region profiles, averaged from the multiple probes deployed to
decrease the effects of sediment heterogeneity, can be used to represent the behaviour of
several analytes over the same sampling period and for distinct regions within the sediment.
By dividing the sediment into regions based on sediment chemistry, bioturbation was seen to
exert a strong regional effect on contaminant mobility. Oxidation of remobilised reduced
species is likely to have contributed to an increase in the DGT labile oxidised species in the
oxic region, particularly evident for the estuarine mangrove sediment.
This study showed that the use of selective binding layers can be used to quantify, in
situ, the variation in porewater presence and sediment flux of analytes as a result of
bioturbation. By using binding layers that are selective for several analytes it was possible to
make simultaneous, quantitative measurements. From this relationships between analytes
were able to be quantified and statistically evaluate the effect of bioturbation on the relative
sediment fluxes of As(III) and Fe(II), and As(III) and Mn(II), noting that the greatest changes
occurred in the anoxic region.
Species cycling and re-sequestration may be indicated from making a comparison of
DET measurements with those of DGT labile species as their measurement process differs
and in addition to sequestering measuring differing fractions of analytes.
Further research is required to correlate analyte flux and mobility data within
sediments to toxic effects on infauna, e.g. bioaccumulation, decrease in productive success,
lethality. Thus, the success of this study serves as a platform to validate the suitability of
DGT and DET techniques as a tool to measure bioavailable analytes in aquatic sediments,
correlate DGT-labile analytes with biological “effects” in the toxicity assessments of
sediments contaminated with As, Se, P and V.
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Chapter 6
Concluding remarks and future directions.

6.1 Simultaneous uptake of As, Se, PO43- and V(V) onto ferrihydrite and
Metsorb™ binding layers in fresh and marine waters.
This study successfully evaluated the ability of the ferrihydrite and Metsorb™ based
DGT to simultaneously measure DGT labile species of As, Se, PO43- and V(V) in both
simulated freshwater and marine water over extended deployment times (up to 72 h).
Both DGT-ferrihydrite and DGT-Metsorb™ were able to make quantitative
measurements of As(V), As(III) Se(IV), V(V) and PO43- in freshwater and marine waters for
≤2 days. Se(IV) has a lower affinity for ferrihydrite and Metsorb™ binding layers compared
to the strongly adsorbing analytes. The strongly adsorbing oxyanions of inorganic arsenic,
V(V) and orthophosphate PO43- were shown to continue adsorbing quantitatively at 48 h
whilst the effective capacity for Se(IV) had been reached, that is, whilst Se(IV) continued to
adsorb to the binding layers, uptake no longer correlated with DGT theoretical predication.
This study demonstrated that it is necessary to perform characterisation of binding
layers for simultaneous uptake of analytes under conditions of direct competition in order to
establish reliable working parameters for DGT-ferrihydrite and DGT-Metsorb™ in natural
waters. As the DGT results have been shown to be stable over time it is possible to quantify a
binding layers effective capacity for a particular analyte indicated by deviation from
theoretical uptake calculated using the DGT equation (Equation 3.1). In addition to this it is
an important indication of the stability of the binding layer and the integrity of its binding
properties when there is an increase in the adsorption of the analyte of interest and in the
presence of co-adsorbed analytes. Limitations on quantitative uptake were analyte specific
therefore, if conducting simultaneous in situ measurements the deployment time is limited by
the weaker adsorbing analyte.
Quantitative measurement of the strongly adsorbing analytes, As(V), V(V) and PO43-,
is possible over longer deployment times in freshwater but marine deployments are limited to
a far greater extent as marine waters contain competitive ions, such as carbonates, silicates
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and sulfates, within its solution matrix. Also, due to the high pH in marine waters there are
less available adsorption sites on both ferrihydrite and Metsorb™ , thereby lowering the
binding layer effective capacity of both resins in that medium.
In our assessment of uptake of Se(VI) by DGT-ferrihydrite in freshwaters between pH
4 to 8, the uptake of Se(VI) at lower values of ionic strengths (0.001 to 0.1M) conformed to
theoretical predictions for 4 h deployments, however at high ionic strength (0.2 M NaNO3)
uptake fell to 51% of the theoretical value by 4 h due to the low affinity of Se(VI) for
ferrihydrite. Our results showed that for deployments >4 h in the presence of competitive ions,
the measured uptake of Se(VI) was less than theoretical calculated values, (i.e. <90 % of
theoretical), and the difference between measured and theoretical values increased over the
duration of the such deployments. Therefore, as ferrihydrite will bind both Se(VI) and Se(IV)
in freshwaters, an overall underestimation of total labile inorganic selenium will result if
deploying for >4 h, due to non-quantitative uptake of Se(VI). In marine waters uptake of
Se(IV) was quantitative therefore in marine waters it was assumed that all Se bound was in
the form Se(IV) as the binding of Se(VI) to ferrihydrite and Metsorb™ in marine waters was
negligible.
A suitable binding agent for Se(VI) has yet to be characterised with the DGT method.
If this is achieved, there would be an opportunity for using DGT with species selective
binding layers to speciate for Se(IV) and Se(VI) in order to elucidate further the mobility of
this element through environmental compartments.
The ferrihydrite and Metsorb™ binding layers are both selective for a wider range of
ions than were considered in this study. As affinity for a binding layer is affected by cooccurring solutes, future research should consider a greater range of co-occurring selective
ions, such as a full range of oxyanions, including antimony, tungsten, molybdenum, and,
although weakly adsorbing, metal cations, e.g. copper, manganese, lead. From this data it will
be possible to set analyte specific effective field deployment recommendations for both
marine and freshwater conditions.

6.2 Diffusion Coefficients.
Diffusion co-efficients for As(V), As(III), Se(VI) Se(IV), V(V) and PO43- through the
filter membrane and hydrogel were measured in freshwater and marine waters using both a
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diffusion cell and by conducting mass uptake versus time deployments using DGT. Where
measurements could be conducted using both the methods, the results correlated well with
each other, which provided validation of the method of DGT uptake.
The diffusion coefficients when measured in marine water for As(V), As(III), Se(VI),
Se(IV) and V(V) were between 8 to 12 % lower than the values determined in 0.01 M NaNO3.
These measured values for oxyanions agreed with theoretical values for marine waters being
approximately 8% lower than the value for freshwater [305], therefore a diffusion co-efficient
value for orthophosphate of 8% lower than its freshwater value could be reliably estimated
for work in marine waters and sediments.
Diffusion co-efficients, obtained through deployment of DGT devices, were measured
in single, dual and multi-element solutions. Multi-element solutions more closely emulated
conditions that may be encountered in situ, therefore a stable performance of DGT devices
and their selective binding layers under these conditions is more representative of capabilities
in the field. The diffusion co-efficient measurements for As(V), As(III), Se(VI) and Se(IV) in
this multi-element study, were consistent between measurement methods and between
freshwater and marine water measurements. For V(V) and PO43- diffusion coefficients values
compared very well with published values [48, 258]. However, published values for As(V)
cover a wide range with the per cent variation reaching up to 27 % when compared with
values determined in this study. A consensus value for these analytes has not yet been
achieved. Errors introduced by inaccurate diffusion co-efficients will have a greater impact
during extended deployments. For example a 10% error in a diffusion co-efficient for Mn(II)
in a 50 h deployment at 25˚C using a DGT device with a diffusive path length of 0.091 cm
would introduce a 10% error into the final result.
The variation in diffusion coefficients for As(V), As(III), Se(VI) and Se(IV) may have
arisen through slight variations between labs in the manufacture of diffusive gels. A series of
inter-laboratory studies could address the possibility of gel variations in manufacturing
processes by exchanging diffusive gels between laboratories and re-determining diffusion
coefficients.
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6.3 Evaluation of the performance of DET and DGT sediment probes in
marine sediments spiked with As and Se.
The deployments conducted in marine sediments successfully evaluated the
performance of DGT-ferrihydrite and DGT-Metsorb™ for simultaneous uptake of spiked
As(V), As(III) and Se(IV) along with naturally occurring V(V) and PO43-. DET profiles
confirmed the presence or absence of the total dissolved (<0.45 μm) forms of an analyte in
the pore waters. This study demonstrated that in marine sediment both DGT-ferrihydrite and
DGT-Metsorb™ have comparable affinities and capabilities for As(V), As(III), Se(IV), V(V)
and PO43- within a 3 day deployment. The work here established that DGT deployment time
in marine systems is limited in comparison to freshwater systems most likely due to the
combined effects of a complex matrix, competitive ions and high pH; however, the timescale
within which DGT can be effectively deployed is still useful for environmental monitoring
and assessment of marine sediments.
The DGT-Chelex probes identified the depth of the manganese and iron reducing
region from the maxima of the Fe(II) and Mn(II) profiles, enabling the mobility of naturally
occurring oxyanions to be related to the reductive dissolution of iron (oxyhydr)oxides. Depth
profiles for DGT-labile arsenic and selenium indicated greater residence time in the
porewaters sub-oxic regions of the sediment, which is consistent with a lack of adsorption
surfaces due to the reductive dissolution of iron (oxyhydr)oxides and manganese oxides.
The DGT sediment flux measurements are a combination of the initial interfacial pore
waters concentration and the resupply to porewaters from sediment solid phase accumulated
on the binding layer over the whole deployment period. As DET is an equilibrium
measurement tool, it measures the interfacial porewater concentration of DET labile species
in the latter 12 h of deployment. For naturally occurring sediment analytes variations in DET
and DGT profiles occur due to a combination of the limited resupply of DGT labile forms
from the solid phase to porewaters in addition to redox-driven transformations within the
suboxic and anoxic regions of the sediments, converting oxyanions to non-DGT labile forms.
As the two probe types measure different labilities the variations in the qualitative depth
profiles between the two probe types are an indication of the store of labile analytes within
the sediment and potentially an indicator of the bioavailability of those analytes.
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The results here demonstrated that DGT-ferrihydrite and DGT-Metsorb™ could make
simultaneous measurements of inorganic As, Se(IV), V(V) and PO43- in marine sediments
and therefore deemed suitable for characterisation in bioturbated marine sediments.

6.4 An assessment was made on the ability of DGT and DET to measure the
impact of bioturbation on the mobility of redox sensitive analytes in marine
mesocosms. This was made by comparing variations between bioturbated
and non-bioturbated sediments for DET pore-water concentrations and
DGT sediment fluxes.
Variations in the sediment flux and pore-water concentrations as a result of
bioturbation (due to bioturbating bivalves, Tellina deltoidalis) were successfully measured in
marine sediments for the redox sensitive elements Fe, Mn, As, Se, P and V. Simultaneous
deployments of DGT-ferrihydrite and DGT-Chelex (selective for Fe(II), Mn(II), As(III)) gave
a comprehensive representation of the biogeochemical cycles in the sediment. Redox
transition zones were determined from the Fe(II) and Mn(II) profiles and demonstrated that
DGT was capable of detecting that the mobility of As, Se, V and PO43- is influenced by the
redox stratification within sediments. The use of DGT binding layers with different
selectivity, i.e cationic metals and oxyanions, was able to provide species specific
measurements with which to evaluate the relationship between solute availability and
speciation.
Quantitative comparisons of pore water concentrations and sediment fluxes within the
redox regions of bioturbated and non-bioturbated sediments demonstrated that DGT was
effective at measuring the strong regional effect bioturbation exerts on contaminant mobility.
The DGT sampling technique has the potential to correlate flux measurements of
DGT-labile analytes with biological effects in the toxicity assessments of sediments
contaminated with As, Se, P and V. DGT could be used to improve on current methods of
estimation of bioavailability of contaminants in sediments. Current methods of sediment
assessment may introduce a level of bias as ex situ processes are used to quantify metals and
contaminants. Porewater analytes are extremely susceptible to changes in speciation as a
result of changes in redox conditions. By conducting measurements in situ geochemical
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relationships within the sediment remain intact and with binding layers selective for several
analytes it may be possible to quantify these relationships. DGT is a very powerful tool that
can be used to complement the standard ex situ methods for sediment evaluation to give a
more complete representation and assessment of contaminants in the environment.
The sediment pore waters are a significant exposure route to contaminants for benthic
infauna. Therefore a method such as DGT that is able to provide an estimation or
measurement of resupply from solid phase in addition to porewater measurements may
provide results that are more closely linked to observed biological effects. Further research
would be required to correlate analyte flux and mobility data for oxyanions within sediments
to the toxic effects on infauna, e.g. bioaccumulation, decrease in productive success, lethality.
Thus, the success of this study serves as a platform to validate the suitability of DGT and
DET techniques for further research into its potential usefulness as a tool to measure
bioavailable analytes in aquatic sediments.
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A.1: Methods
DGT gel stock solution. The standard gel stock solution used in synthesis of both
diffusive and binding gels was prepared by combining 47.5 mL of Milli-Q water with 37.5
mL of 40% acrylamide solution (BDH, Poole). The solution was mixed thoroughly before
adding 15 g of an agarose derived cross-linker (2%, DGT Research Ltd, Lancaster, UK). The
gel solution was further mixed and stored at 4oC in the dark [48].

DGT preparation and assembly.

The gel solution, cast between glass plates

separated by a 0.50 or 0.40 mm spacer, produced standard diffusive gels of final thickness
0.80 and 0.64 mm, respectively. Gels of 0.64 mm final thickness were used to synthesise
precipitated ferrihydrite binding layers. Metsorb™ binding layers were prepared using a
method described by Bennett et al., (2010) [72]. All cast gels were set in a preheated oven
(42-46oC) for approximately 50-60 mins. Gels were hydrated in Milli-Q >24 hours, with at
least 4 water changes, stored in Milli-Q and used within 6 months of synthesis. Binding gels
were stored at 4oC and diffusive gels at room temperature, ~21oC.
Elution efficiency. An accurate and reproducible elution method is essential in order
to produce valid measurements using the DGT technique. Elution efficiency, expressed as a
percentage, is defined as the ratio of mass recovered through elution from the binding gel
compared to mass adsorbed from solution [34]. The elution efficiency value for a specific
analyte is used to derive the mass of analyte, M, accumulated on the binding gel using
Eq. A.1.

M

Ce ( Ve  Vg )
Ef

(Eq. A.1)

Where Ce is the concentration of analyte in the eluent, Ve is the volume of eluent, Vg the
volume of the binding gel and Ef the elution efficiency.
Sample Analysis. Analysis of P, As and Se by ICP-MS is problematic due to both
interferences caused by polyatomic ions as well as signal suppression due to the presence of
easily ionised elements such as Na+ [308, 309]. Use of collision or reaction gases with ORC157

ICP-MS under optimised conditions (Table A.1) has been shown to remove some or all
polyatomic interferences on

31

P,

75

As [309],

78

Se and

82

Se [309, 310]. In a complex sample

matrix analysis of 31P remains problematic as the presence of high concentrations of Fe in the
analysis solution is the likely cause of signal suppression which results in lower elution
efficiency values at lower sample dilutions (Table 3.2) but washing ferrihydrite binding
layers in Milli-Q to remove seawater and dilution of elution samples to 1:20 markedly
counters signal suppression due to high iron concentrations or seawater matrix interferences.

Table A.1: ICP-MS Operational parameters
Tune parameters

RF Power

1500 W

Sample depth

8 mm

Carrier gas

0.8 – 0.9 L/min

Make up gas

0.1 – 0.18 L/min

Nebuliser pump

0.1 rps

Reaction/Collision gas
He

4.5 mL/min

H2

4.5 mL/min
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A.2: Results
A

B

1
2
3
4
5

Figure A.1. Elution efficiency of As(III) from (A) precipitated ferrihydrite and (B) Metsorb ™
binding gel, expressed as a percentage (mean ± SE, n =3), deployed in spiked water (ranging from
0.3 to 13 µM), pH 6.0 ± 0.2 and 0.01 M NaNO3. Comparison of elution efficiency as a function of
mass adsorbed to binding gel and final sample volume. One binding gel disc was eluted in 1 ml of
1 M NaOH then diluted to a final volume of 10 mL ( ), 20 mL ( ) and 30 mL ( ), respectively.
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Figure A.2. Measured mass of Se(VI) adsorbed onto the ferrihydrite (precipitated) gel in the
DGT devices plotted against deployment time to determine Se(VI) effective capacity and a
DDGT diffusion coefficient in 0.01 M NaNO3, pH 6.0 ± 0.2, Se(VI), (effective capacity for
Se(VI) of approximately 30 nmol was reached in 3 h in a single element solution of
concentration 15 µM Se(VI)).

Figure A.3. Measured mass of As(III) adsorbed onto the ferrihydrite gel in the DGT devices
plotted against deployment time to determine As(III) effective capacity and a DDGT diffusion
coefficient in 0.01 M NaNO3 at pH 6.0 ± 0.2, As(III) concentration 50 µM (ferrihydrite
binding layer still within effective capacity for As(III) at 460 nmol, at 10 h under these
conditions).
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Figure A.4. As(V) adsorbed onto the ferrihydrite gel in the DGT devices plotted against
deployment time to determine As(V) effective capacity and a DDGT diffusion coefficient in
0.01 M NaNO3 at pH 6.0 ± 0.2, at As(V) concentration 130 µM (effective capacity of
approximately 530 nmol in freshwater for As(V) was reached in 8 h).

Figure A.5. As(V) adsorbed onto the ferrihydrite gel in the DGT devices plotted against
deployment time to determine As(V) effective capacity and a DDGT diffusion coefficient in
filtered seawater at pH 8.1 ± 0.1, at As(V) concentration 50 µM (effective capacity of
approximately 290 nmol in seawater for As(V) at 50 µM was reached in 10 h).
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B.1 DET sample preparation and analysis
The DET probe was disassembled and each agarose slice removed, placed in a 1.5 ml
Eppendorf tube and its position noted in relation to the sediment-water interface. The agarose
slice, volume of 20 μL, was eluted in 1 mL of 0.1 M HNO3 for 24 h. Porewater metal depth
profiles were obtained at a resolution of 2 mm using DET.

B.2 Elution efficiency of As(III) from DGT-Chelex binding gel
Uptake of As(III) onto the Chelex-100 binding gel was carried out in seawater
containing concentrations ranging from ranging from 1.5 to 13 µM of As(III). Solutions were
freshly prepared with deoxygenated seawater to minimise speciation change. Chelex binding
gels were removed from solution then washed in Milli-Q for 24 h with at least 4 changes of
water. The gel disc was then eluted in 1 ml of 1.6 M HNO3 and placed on a shaker for 24 h.
An aliquot was taken and diluted 1:5 with Milli-Q to concentration 0.32 M HNO3. Elution
efficiency was linear across the range of mass adsorbed. The Ef value of 0.82 (Figure B.1) is
in the same range as Ef values determined for elution of metal cations from Chelex-100 [34].

Figure B.1. Elution efficiency of arsenite from Chelex binding gel, expressed as a
percentage (mean ± SE, n =3), deployed in spiked seawater (ranging from 1.5 to 13 µM), pH
8.1 ± 0.1. Comparison of elution efficiency as a function of mass adsorbed to binding gel and
final sample volume.
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Chelex-100 is only selective for the H2AsO3- species of arsenite and is therefore only
useful for measurement of As(III) in high pH waters such as marine waters. At marine pH
H2AsO3- comprises a small percentage of the overall As(III) present (Figure B.2).
Measurements of H2AsO3- need to be normalised to total concentration of As(III) based on
the deployment solution pH which can be used to estimate the percentage of H2AsO3- present.

1

2
Figure B.2 Distribution of arsenite species as a function of pH at 25°C and 1 bar (adapted
from Smedley and Kinneburgh, 2002 [3]).

B.3 The effects of high sulphide sediments on ferrihydrite and Metsorb™

binding gels during long deployments.
Spiking and probe deployments were staggered, commencing with a 71 h deployment
in Group A sediments (arsenate and selenate spiked). On probe retrieval and disassembly,
lower sections of the ferrihydrite binding layers and the diffusive gels were black, and the
Metsorb™ binding layer was yellow. Within the highly anoxic region of the sediment the
ferrihydrite rapidly reacted with the dissolved sulfides in the porewater to form iron sulfides
[337]. This is illustrated in Figure B.3.
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a)

b)

c)

Figure B.3. Ferrihydrite binding layers and diffusive layers, a) and b), after immediate
removal from 71 h sediment deployment. c) depicts probe after 24 h oxidation where FeS (s)
(black) has oxidised to Fe(III).

165

Appendix C

Supplementary Material for Chapter 5

166

C.1 Results

a)

b)

c)

d)

Figure C.1 (a – d). Contaminated estuarine mangrove sediments - flux profiles of DGTlabile As (a and b) and V (c and d) (DGT-Chelex selective for As(III) and V(III), DGTFerrihydrite selective for As(V)/(III) and V(V)). DGT probes were deployed for 50 h in
mesocosms. These represent the mean ± standard error (n=2).
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a)

b)

Figure C.2 (a – b). Naturally contaminated marine lake sediments - flux profiles of DGTlabile As (a and b) (DGT-Chelex selective for As(III), DGT-Ferrihydrite selective for both
As(V) and (III)). DGT-Ferrihydrite and DGT-Chelex probes were deployed for 50 h in
mesocosms. These represent the mean ± standard error (n=3).
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Table C.1: Variations in porewater flux (DGT: pg cm-2 s-1) or porewater concentrations
(DET, total dissolved: µg L-1 or mg L-1) in Marine Lake sediment as a result of bioturbation
relative to unbioturbated sediments (n=3).
Marine Lake

Oxic
+4 to -2

Fe/Mnreduction
-2 to -36

Anoxic
-36 to -76

As(total)
As(III)
As(total dissolved)

-0.001 ± 0.014
-0.047 ± 0.017
0.538 ± 1.380

-0.0001 ± 0.0587
-0.069 ± 0.021
3.92 ± 2.81

-0.032 ± 0.025
-0.004 ± 0.015
1.15± 2.55

Se(IV)
Se(total dissolved)

0.012 ± 0.013
2.26 ± 20.07

0.012 ± 0.009
17.3 ± 8.4

0.006 ± 0.004
5.73 ± 4.33

PO43P(TD) mg L-1

0.106 ± 0.400
-0.022 ± 0.026

1.72 ± 1.91
0.253 ± 0.115

-0.47 ± 1.10
0.216 ± 0.171

V(V)
V(total dissolved)

-0.034 ± 0.026
0.34 ± 2.32

-0.002 ± 0.004
2.16 ± 2.14

0.001 ± 0.003
0.08 ± 2.99

Fe(II)
Fe(total dissolved) mg L-1

4.05 ± 2.59
-0.37 ± 1.07

-24.0 ± 7.6
-1.63 ± 2.03

69.0 ± 25.8
0.67 ± 3.91

Mn(II)
Mn(total dissolved) mg L-1

-0.024 ± 0.016
-0.053 ± 0.038

-0.220 ± 0.137
-0.043 ± 0.066

-0.578 ± 0.388
-0.002 ± 0.155

Table C.2: Variations in porewater flux (DGT: pg cm-2 s-1) or porewater concentrations
(DET, total dissolved: µg L-1 or mg L-1) in mangrove sediment as a result of bioturbation
relative to unbioturbated sediments (n=2).
Mangrove

Oxic
+4 to -2

Fe/Mn reduction
-2 to -32

Anoxic
-32 to -60

As(total)
As(III)
As(total dissolved)

0.007 ± 0.003
-0.003.± 0.002
0.684 ± 0.194

0.018 ± 0.002
0.019 ± 0.008
4.97 ± 5.57

-0.002 ± 0.003
0.008 ± 0.018
3.81 ± 5.66

Se(IV)
Se(total dissolved)

0.006 ± 0.007
-22.95 ± 6.29

0.010 ± 0.004
7.70 ± 1.90

-0.002 ± 0.002
5.58 ± 4.37

PO43P(TD) mg L-1

0.916 ± 0.942
-0.395 ± 0.586

5.17 ± 3.64
1.74 ± 1.42

10.54 ± 6.83
1.68 ± 1.42

0.022 ± 0.014
0.0007 ± 0.0003
-5.00 ± 3.60

-0.012 ± 0.016
0.0013 ± 0.0006
3.61 ± 5.13

-0.003 ± 0.001
0.0022 ± 0.0018
11.04 ± 14.68

Fe(II)
Fe(total dissolved) mg L-1

-0.701 ± 0.479
-1.70 ± 1.94

4.206 ± 2.821
2.32 ± 3.23

-0.491 ± 4.623
3.82 ± 2.48

Mn(II)
Mn(total dissolved) mg L-1

0.566 ± 0.377
0.080 ± 0.011

0.395 ± 0.153
0.079 ± 0.048

-0.005 ± 0.087
0.019 ± 0.058

V(V)
V(III)
V(total dissolved)
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